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ABSTRACT

It is well known that iodinated trihalomethanes (I-THMs) and iodoacids could be
formed as iodinated disinfection by-products (I-DBPs) during water treatment and
water reclamation processes when iodide is present in the source waters. The
formation of I-DBPs such as CHI; can lead to odor and taste problem and
meanwhile pose a potential health effect because I-DBPs have been reported to be
more toxic than their brominated and chlorinated analogues. However, to the best
knowledge of the author, there is still no well-documented study on the post-

formation mitigation of 1-DBPs during water and wastewater treatment processes.

In this context, in the first part of this study, photolysis with germicidal UV254 nm
was applied to remove I-THMSs, as photon energy of UV254 (472 kJ mol™) is
sufficiently high to photo-cleave carbon-halogen bonds (209, 280, and 397 kJ mol™
for C-1I, C-Br, and C-Cl, respectively) and there are evident UV254 absorption of |-
THMs (i.e., molar absorption coefficients of 6 I-THMs including CHCI,1, CHCIBrl,
CHBr;l, CHCII,, CHBrly, and CHI3 at UV254 range from 167 to 1131 M cm™).
Experimental results showed that I-THMs underwent a fast photodegradation
process through cleavage of carbon-halogen bonds with first-order rate constants in

the range of 0.1-0.6 min™. The influence of matrix species such as humic acid (HA),
HCO, , SO: , ClI', and NO; on the direct photolysis rates of I-THMs was

evaluated. Direct photolysis of I-THMs in different types of water including DI
water, treated water, surface water, and secondary effluent was also examined. A
quantitative structure-activity relationship (QSAR) model for direct photolysis of I-
THMs and brominated THMs (B-THMs) was established to analyze the correlation
between the chemical reactivity and molecular structure of I-THMs and B-THMs.
However, at a UV dose of 140 mJ cm™ which is the upper-bound value for water
disinfection, the removal percentages of the 6 I-THMs investigated in this study

were only between 6% and 30%.

In the second part of this study, photodegradation of I-THMSs was investigated with
UV/H,0,. CHCI,I and CHI3 were selected as model compounds, because CHCI,l is

most resistant to UV254 direct photolysis and CHI3 is the most cytotoxic among 6



I-THMs. To holistically evaluate the efficiency of I-THMs photodegradation under
different conditions, the effects of pH, H,O, dose as well as matrix species

including HA, HCO;, SO, CI, and NO; on the photodegradation kinetics were

investigated. A steady-state kinetic model was established to successfully predict
the destruction of I-THMs in different types of water including laboratory synthetic
water, and surface water. On this basis, electrical energy per order (EE/O) concept
was applied to evaluate the efficiency of the photodegradation process and to

optimize the H,O, dose for different scenarios.

In the final part of this study, degradation of iodoacids by UV, UV/H,0,, and
UV/PS (persulfate, S,0s>) was extensively investigated. UV direct photolysis of 4
iodoacids including ICH,CO;H, ICICHCO;H, IBrCHCO,H, and I1,CHCO,H
followed first-order kinetics with rate constants in the range of 0.057-0.71 min™. A
QSAR model was subsequently established and applied to correlate the chemical
reactivity with chemical structure as well as to predict the direct photolysis rates of
6 other structurally similar iodoacids which are commercially unavailable for study.
However, at a UV dose of 140 mJ cm™, the removal percentages of 4 iodoacids
were in the range of 3.35% to 34.7%. Subsequently, degradation of iodoacetic acid
(IAA, ICH,CO,H), the most photo-recalcitrant and toxic species among all
iodoacids, by the UV/H,0, and UV/PS processes were compared in terms of the
effects of pH, oxidant dose, and matrix species such as HA and HCO; on its
photodegradation rate as well as the end-products formed and operating cost.

Different types of water including DI water, treated water, surface water, and
secondary effluent were used as water matrix to further evaluate the effectiveness of

these AOPs for IAA removal. Since SO; can be transformed to HO to some
extent, the respective contributions of UV, HO', and SO, for IAA removal in the
UV/PS process were also determined. Economic comparison of these two AOPs for

IAA removal was also conducted based on total cost of electrical energy and

oxidant.
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CHAPTER 1 Introduction

1.1 Background

It is well known that disinfection provides two main functions in water
treatment processes. The primary function of disinfection is to inactivate or kill
pathogens. Another function is to provide the residual of disinfectant in product
water and preclude re-growth of micro-organism in water distribution system.
However, besides pathogen inactivation or kill, chemical disinfectants such as
chlorine are also strong oxidants, which can react with natural organic matters
(NOM) and bromide/iodide present in the source waters (river, lake, and
groundwater) to produce various organic and inorganic disinfection by-products
(DBPs) (Xie, 2004).

The discovery of disinfection by-products (DBPs), including chloroform
(CHCI5) and other trihalomethanes (THMS) in chlorinated drinking water, were
first reported by Bellar (1974) and Rook (1974). Since then, there has been
increasing concern about the potential health effects caused by DBPs. On this
basis, in 1979, the U.S. Environmental Protection Agency (U.S. EPA) issued a
regulation to control total 4 brominated/chlorinated THMs including CHCls,
CHBr,Cl, CHBrCl,, and CHBr3 (U.S. EPA, 1979). Subsequently, U.S. EPA
enforced the enhanced surface water treatment rule (1989) and the two stage
(1998, 2006) D/DBP rule (U.S. EPA, 1998;2006). Now, 4 THMs and 5
haloacetic acids (HAAS) are the organic DBPs regulated by U.S. EPA. And the
maximum contaminant levels (MCLs) of 4 THMs and 5 HAAs are 80 and 60
ug L™, respectively.

With the stricter regulations for THMs and HAAs, many water treatment plants
have made some changes of the disinfection processes to comply with the new
regulations. In practice, the primary disinfectant is switched from chlorine to
other disinfectants including ozone, chlorine dioxide and chloramines, etc.
However, new problems have arisen with the changes of disinfectants. For

example, while the use of chloramines can greatly diminish or eliminate the



formation of THMs and HAAs, it can lead to the generation of very toxic
emerging DBPs, such as iodinated disinfection by-products (I-DBPs), when
iodide is present in the source waters (i.e., from natural source, sea water or
brine) (Bichsel and von Gunten, 2000). lodinated trihalomethanes (I-THMs)

and iodoacids represent two major groups of 1-DBPs.
1.2 Motivation and knowledge gap

Early concerns about 1-DBPs are attributed to the characteristic medicinal odors
and taste of I-THMs (Hansson et al., 1987; Cancho et al., 2001). For instance, it
was reported that the odor threshold concentration of iodoform (CHI3) was 0.1
ug L™, which is significantly lower than those of CHCI; and CHBr3 (100 and
300 ug L, respectively) (Cancho et al., 2000; Cancho et al., 2001). The taste
threshold concentration of CHI3 was reported as 5 pg L™ (Hansson et al., 1987).
This could explain the reported nuisance arising from low concentrations of I-

THMs that are able to cause strong offensive odors and taste in drinking water.

In the most recent decade, 1-DBPs have been found to be more genotoxic and
cytotoxic than the regulated brominated and chlorinated analogues (Richardson
et al., 2008). For example, CHI3 was reported as 60 times and 146 times more
cytotoxic in Chinese hamster ovary (CHO) cells than CHBr; and CHClIs,
respectively (Richardson et al., 2008). The cytotoxicity of iodoacetic acid
(IAA) in CHO cells was 3.2 times and 288 times higher than bromoacetic acid
(BAA) and chloroacetic acid (CAA), respectively. The genotoxicity of IAA in
CHO cells was 2.0 times and 47 times higher than BAA and CAA, respectively
(Plewa et al., 2004). I-DBPs have been identified in drinking water worldwide.
For example, dichloroiodomethane (CHCI,I) had been found in 85 of 111 water
plants in U.S. and was detected more frequently than CHBr; (Brass et al.,
1977). In an occurrence study, iodoacids including IAA, bromoiodoacetic acid,
(2)-3-bromo-3-iodo-propenoic acid, (E)-3-bromo-3-iodo-propenoic acid, and
(E)-2-iodo-3-methylbutenedioic as well as I-THMs (CHCII,, CHCIBrl, CHBrl,
CHCII,, CHBrl,, and CHIs) were found at sub-pg L™ to pg L™ levels in

drinking waters from 23 cities in U.S. and Canada (Richardson et al., 2008). In



another occurrence study, both CHI3 and IAA were detected at sub-ug L™ to pg
L™ levels in the drinking waters from 13 water plants in Shanghai, China (Wei
et al., 2013). It can be said that I-DBPs should be considered when evaluating

the drinking water exposure.

With the recent introduction of the standards of I-THMs and iodoacids to the
market, significant research efforts have been directed to understand 1-DBPs
occurrence (Cancho et al., 2000; Krasner et al., 2006; Richardson et al., 2008;
Farré et al., 2012; Wei et al., 2013), formation (Gallard et al., 2009; Pressman et
al., 2010; Smith et al., 2010; Jones et al., 2011; Jones et al., 2012a; Jones et al.,
2012b; Allard et al., 2013; Ye et al., 2013; Wang et al., 2014; Zhang et al.,
2015b), analysis (Cancho et al., 1999; Cancho et al., 2000; Allard et al., 2012;
Li et al.,, 2012b; Liu et al., 2013; Cardador et al., 2015), and health effects
(Plewa et al., 2004; Richardson et al., 2008; Pressman et al., 2010). However,
to date, only a few studies have been reported on the transformation of I-THMs
at different process stages during water and advanced water treatment processes
(Cancho et al., 2000; Farré et al., 2012) and there is still no study about the
post-formation mitigation of iodoacids. In the previous studies, conventional
water treatment process (sedimentation, sand filtration, and ozonation) and
advanced membrane technologies such as reverse osmosis (RO) could not
remove I-THMs effectively (Cancho et al., 2000; Farré et al., 2012).

To the best knowledge of the author, there is no experimental kinetic study on
I-DBPs degradation and only a few of predicted degradation kinetics of 1-DBPs
by quantitative structure-activity relationship (QSAR) models have been
reported. QSAR model is a useful tool to correlate the chemical activities with
molecular structures as well as to predict the chemical activity of any
compound which has a similar molecular structure as the ones used to establish
the QSAR model. Generally, based on the experimental results of degradation
of brominated/chlorinated DBP species, the QSAR models were established
thereof and then used to predict the degradation rate of the corresponding I-
DBPs analogues (Zhang and Minear, 2002; Chen et al., 2010; Chen, 2011).
There has been no experimental result to validate the predicted degradation



kinetics of I-DBPs. In this context, it is necessary to perform systematic
experiments to directly investigate the degradation kinetics of I-DBPs.

Besides post-chlorination, pre-chlorination and intermediate-chlorination are
also applied in some water treatment plants. Pre-chlorination removes the odor
and taste compounds and also enhances the following coagulation. The
intermediate-chlorination is applied at settled water to prevent fouling of sand
filter or ultrafiltration/microfiltration membrane. DBPs including I-DBPs could
be generated during pre-chlorination, intermediate-chlorination and post-
chlorination processes. Compared to that at the stage of post-chlorination
process, I-DBPs are more easily generated during pre-chlorination and
intermediate-chlorination processes, as the concentrations of DBPs precursor
and iodide at these two stages are higher than those at the stage of post-
chlorination. Thus, one of the possible strategies to mitigate the presence of I-
DBPs in treated water or reclaimed water is to install an effective 1-DBPs

removal system after sand filter or membrane filtration system.

To date, UV facilities have been installed for disinfection in many water and
advanced water treatment plants worldwide. Besides the main function of UV
disinfection, many studies have been conducted to investigate the degradation
of organic pollutants by UV irradiation. For example, N-Nitrosodimethylamine
(NDMA) and I-DBPs analogues including brominated THMs (B-THMSs) and
brominated haloacetic acids (B-HAAs) could be degraded by UV254 direct
photolysis (Nicole et al., 1991; Sharpless and Linden, 2003; Kwok et al., 2004;
Jo et al., 2011). Compared to C-Br bond (280 kJ mol™ of bond energy), C-I
bond (209 kJ mol™ of bond energy) can be photo-cleaved more easily after
absorbing UV254 (472 kJ mol™ of photon energy). In the past decades, the
UV/H,0, process, one of the most common advanced oxidation processes
(AOPs), has been extensively studied and applied to remove recalcitrant
organic pollutants in the advanced treatment of drinking water and wastewater.

In the UV/H,0, process, the degradation of organic pollutants involves both
UV direct photolysis and hydroxyl radical (HO)-assisted indirect photolysis.
Another type of AOP, the UV/PS (persulfate, S,0s%) process, has recently



attracted significant scientific interest for the removal of recalcitrant organic
pollutants via the generation of sulfate radical (SO, ) (Tsitonaki et al., 2010;

He et al., 2014a; He et al., 2014b). Since SO, can be transformed to HO' to
some extent, the degradation of the organic pollutant in the UV/PS process is
attributed to UV direct photolysis, as well as SO, - and HO -assisted indirect
photolysis (He et al., 2014b; Yuan et al., 2014). It is worth mentioning that the
UV/PS process has been demonstrated to remove some carboxylic acids
effectively through decarboxylation by SO, (Madhavan et al., 1978; Davies et
al., 1985; Criquet and Leitner, 2009). Therefore, it is believed that UV,
UV/H,0,, and UV/PS have the potential to be effective technologies to degrade
I-DBPs including I-THMs and iodoacids.

1.3 Objective and scope of works

The aim of the present study is to investigate the degradation of I-DBPs in
aqueous solution by UV254, UV/H,0,, and UV/PS processes in order to
develop a cost-effective strategy for post-formation mitigation of I-DBPs. To
address the aforementioned knowledge gap, the scopes of works in the present

study are as follows.

I. To investigate the UV254 direct photolysis of I-THMs:

» Conduct and compare the degradation kinetics of I-THMs and
THMs by UV254 irradiation;

> Evaluate the influences of matrix species such as humic acid (HA),
HCO,, SO;", ClI', and NO; on the direct photolysis kinetics;
» Examine UV direct photolysis of I-THMs in the different types of
water including DI water, treated water, surface water, and secondary
effluent;
> Identify the photodegradation end-products;
» Establish QSAR model based on the experimental results of direct
photolysis of I-THMs and B-THMs.

ii. To investigate the degradation of I-THMs in the UV/H,0; process:



» Evaluate the effects of operational parameters such as pH; H,0;
dose, and matrix species on the photodegradation kinetics;

> Establish a steady-state kinetic model to predict the degradation rate
of I-THMs by UV/H,0; in the different types of water;

> Identify the photodegradation end-products;

> Apply electrical energy per order (EE/O) concept to evaluate the
cost- and energetic-efficiencies of the photodegradation process and to

optimize the H,O, dose for different scenarios.

iii. To compare the degradation of iodoacids in the UV/H,0, and UV/PS
processes:
» Conduct UV254 direct photolysis of iodoacids;
> Establish a QSAR model to predict the direct photolysis rate of
other commercially unavailable iodoaicds;
» Compare the effects of pH, oxidant dose, and matrix species on the
photodegradation Kinetics in the UV/PS and UV/H,0, processes;
» Compare the photodegradation Kinetics of iodoacids by the UV/PS
and UV/H,0, processes in different types of water;
> Determine the respective contributions of UV, HO', and SO, for
iodoacid removal in the UV/PS process;
> Identify and compare the photodegradation end-products in the
UV/PS and UV/H,0, processes;
» Conduct economic comparison of these two UV-based AOPs based

on total cost of electrical energy and oxidant.
1.4 Organization of thesis

Chapter 1 includes the introduction to the background, motivation and
knowledge gap, objectives and scopes of this research, as well as the
organization of this thesis. Chapter 2 provides a literature review on the
formation, occurrence, and toxicity of I-DBPs. It also presents the fundamentals

of UV direct photolysis such as quantum yield and the formation, oxidation

mechanism, and oxidation rate of HO and SO, as well as the recent



development of UV/H,O, and UV/PS AOPs. Chapter 3 details the
experimental setup, chemicals used, analytical methods, and the characteristics
of the photoreactor used in this study. Chapter 4 presents the major findings on
UV254 direct photolysis of 6 I-THMs. Chapter 5 discusses about the
degradation of I-THMs by UV/H,O, treatment. Chapter 6 evaluates the
degradation of iodoacid by UV/PS in comparison with UV/H,0, treatment.
Chapter 7 outlines the major conclusions from this study and recommendations

for the future work.



CHAPTER 2 Literature review

2.1 1-DBPs

2.1.1 Formation pathways of 1-DBPs

The transformation of iodine during water treatment processes is illustrated in
Figure 2.1. lodide present in the source water can be rapidly oxidized to
hypoiodous acid (HOI) by ozone, chlorine, and chloramines. It was found that

HOI is very stable in the presence of chloramines (Bichsel and von Gunten,

1999). In contrast, HOI will be further oxidized to iodate (10;) by ozone and

chlorine. 10; is regarded as a non-toxic sink of iodine in drinking water,

because only HOI can react with natural organic matters (NOM) to generate -
DBPs such as I-THMs and iodoacids. On the other hand, the disproportionation

of HOI proceeds slowly to produce |1~ and 10; (Bichsel and von Gunten, 1999).

- Iodinated DBPs

Reaction with
Fast oxidation by O NOM
Cl,, and NH,Cl
Further oxidation

by O; and CI _
HOL/OI- = = 104

Disproporty \{2(31

[0 + I° No reaction

Figure 2.1 Transformation of iodine during water treatment processes (Bichsel
and von Gunten, 1999).

An illustration of CHI3 formation is as shown in Figure 2.2. There are a total of
3 reaction steps including enolization, iodination, and hydrolysis during CHl;

formation processes. In the first step, a-methyl carbonyl compound is enolized



to its corresponding enol in the presence of some species such as hydroxide
(HO"). In the second step, electrophilic substitution reaction between HOI and
the formed enol occurs to produce iodocarbonyl compound whereby HOI acts
as an electrophile. The iodination of the a-methyl carbonyl compound occur 3
times and the methyl group has been converted to the corresponding
triiodomethyl group. In the final step, hydrolysis of trilodocarbonyl compound
proceeds to produce CHI3 and the corresponding acid (RCO,H) (Bichsel and
von Gunten, 2000).

(@) OH e
HOI  iodination
enolization \
e —
—_
R CH; R CH,
H,0
carbonyl enol
compound
O (0] o
2 HOI hydI‘OlySiS
- ———— CHL; +
R CH,] ———> R Cl, R OH
iodocarbonyl triiodocarbonyl iodoform acid
compound compound
hydrolysis

CH;COCI; + HOl — ICH,COCl; ——— ICH,CO,H + CHI,

hydrolysis
CH;COR, + HOl —— ICH,COR; ——— > ICH,CO,H

Figure 2.2 The formation pathway of CHI3; and ICH,CO,H from HOI and a-
methyl carbonyl compound (Bichsel and von Gunten, 2000; Xie, 2004).

The formation of iodinated acetic acids can also be demonstrated with the
reaction between a-methyl carbonyl compound and HOI (Figure 2.2). For
example, when R is methyl group, the triiodocarbonyl compound (CH3COCI5)
can be further oxidized to tetraiodopropanone  (ICH,COClIs),
pentaiodopropanone (I,CHCOCI3), and hexaiodopropanone (Cl3COCI3), which
can be hydrolyzed to mono-, di-, and tri-iodoacetic acids. lodinated acetic acids
can also be formed by the reaction between CH3;COR; and HOI, where R; is an
oxidizable group. If HOCI and/or HOBr are also present in the reaction solution,

haloacetic acids containing I, Br and Cl atom can be formed.



As shown in Figure 2.3, the half-life of HOI in the presence of chlorine is in the
range of minutes to hours, which indicates that I-DBPs formation during
chlorination process is possible. In contrast, the formation of I-DBPs is

suppressed when ozone is used as a disinfectant, because HOI can be oxidized
by ozone to 10, in seconds. On the other hand, the half-life of HOI in the
presence of chloramines is in years, indicating the I-DBPs are readily formed
during chloraminaton process (Bichsel and von Gunten, 1999). Therefore, I-

DBPs are attracting more attention from water utilities, especially for those

using chloramines as primary disinfectant.

ozone chlorine disproportionation chloramine
<> - - > o
| | | | | -
second minute hour day year

Figure 2.3 The half-lives of HOI in the presence of different disinfectants
(Bichsel and von Gunten, 1999).

2.1.2 Taste and odor problems related to I-DBPs

Early concerns about I-DBPs are due to the characteristic pharmaceutical or
medicinal odors and tastes of I-THMs in drinking water (Hansson et al., 1987;
Cancho et al., 2001). As shown in Table 2.1, the odor threshold concentrations
(OTCs) of I-THMs decreases with the increase of iodine atoms in the molecule
and follows the trend of CHI; < CHXI,; < CHX;l. The OTCs of I-THMs are in
the range of 0.1 to 8.9 pg L™, which are 1 to 2 orders of magnitudes lower than
those of CHBr; and CHCl; (100 and 300 pg L™, respectively) (Cancho et al.,
2001). Additionally, the taste threshold concentration of CHI3 was established
as 5 ug L™ in a previous study (Hansson et al., 1987), because it was reported
that the water containing CHI3 at this concentration tasted as plastic or medicine.
It means that I-THMs, especially CHI3, at a very low concentration are able to

cause odor and taste problems in drinking water.
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Table 2.1 Odor descriptor and threshold concentration for I-THMs (Cancho et
al., 2001)

Species Odor descriptor OTC (ugL™h
CHCI,l sweet, syrup 8.9
CHCIBIrlI sweet, fresh grass, perfumed, alcoholic 8.4
CHBr,l medicinal, sweet, perfumed, bitumen 6.4
CHCIl, medicinal, sweet, solvent candy 0.2
CHBrl, medicinal, sweet, solvent, perfumed 0.2
CHl; medicinal, sweet, perfumed, gum 0.1

2.1.3 Toxicity of I-DBPs

In the most recent decade, new concerns about I1-DBPs are attributed to their
higher cytotoxicities and genotoxicities. I-DBPs have been predicted to be more
toxic than their brominated and chlorinated analogues (Plewa et al., 2004;
Richardson et al., 2007; Richardson et al., 2008). The prediction is based on the
evidences that brominated DBPs have been reported to be more toxic than the
corresponding chlorinated analogues. Furthermore, iodine is anticipated to be
more biologically reactive than bromine and chlorine (Richardson et al., 2007).
Some mammalian cell toxicity results supported this hypothesis, as shown in
Figure 2.4. For example, one previous study demonstrated that CHI3 was 60
times and 146 times more cytotoxic in Chinese hamster ovary (CHO) cells than
CHBr; and CHClIj, respectively; CHBrl, was 8 times more cytotoxic than
CHBrCl,; CHBr,l was 3 times more cytotoxic than CHBr,Cl (Richardson et al.,
2008). In addition, comparing the cytotoxicities and genotoxicities among 6 I-
THMs, CHI3; was found to be the most cytotoxic species, while CHCII, was the
most genotoxic species. It was also observed that the cytotoxicity of 1AA in
CHO cells was 3 times and 287 times higher than BAA and CAA, respectively
(Richardson et al., 2008). Plewa et al. (2004) also observed that IAA was 2
times and 47 times more genotoxic in CHO cells than BAA and CAA,
respectively . Generally, among the haloacetic acids, IAA is the most cytotoxic
and genotoxic DBP in mammalian cells. These toxicity results suggested that I-
DBPs including I-THMs and iodoacids are worth investigating due to their
higher toxicities, although the concentrations of I-DBPs may be much lower
than those of their brominated and chlorinated analogues.
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Figure 2.4 Toxicity of halogenated-DBPs (Jones, 2009).

2.1.4 Occurrence studies of I-DBPs

A DBPs occurrence study was conducted at 12 drinking water treatment plants
in U.S. (Krasner et al., 2006). A number of disinfectants including chlorine,
ozone, chlorine dioxide, and chloramines were used in these 12 plants. It was
found that THMs and HAAs were the two major groups of halogenated DBPs
in the finished water. The total concentration of I-THMs was typically much
lower than the sum of THMs. However, high concentration of I-THMs was
observed in one plant where chloramines were used as primary disinfectant and
the source water contained high concentration of bromide and iodide. The total
concentration of I-THMs was 81% of the sum of THMs. And the concentration
of CHCI;l was the highest among I-THMs and THMs (Figure 2.5).
Additionally, another significant finding was that IAA, bromoiodoacetic acid
(BIAA), (2)-3-bromo-3-iodo-propenoic acid, (E)-3-bromo-3-iodo-propenoic
acid, and (E)-2-iodo-3-methylbutenedioic were observed for the first time at

this chloramination plant.
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Figure 2.5 THMs and I-THMs formation when chloramine was used as
disinfectant in one plant (Krasner et al., 2006).

As high concentrations of I-THMs and iodoacids were detected in the
chloramination plant, Richardson et al. (2008) conducted a further occurrence
study focusing on 5 iodoacids and 2 I-THMs in chloraminated and chlorinated
drinking waters from 23 cities in the U.S. and Canada. Only CHCI;,l and
CHBrCIl among 6 I-THMs were monitored in that study, because these 2
species were commonly detected in the previous occurrence study. Most of the
selected plants used chloramines as disinfectant, while 2 chlorination plants

were also selected for comparison.

In general, iodoacids and I-THMs were detected at ng L™ to low pg L™ level in
the finished drinking water from most of the plants (Table 2.2). The maximum
concentration of IAA, BIAA, (Z)-3-bromo-3-iodo-propenoic acid, (E)-3-bromo-
3-iodo-propenoic acid, (E)-2-iodo-3-methylbutenedioic, CHCI,l, and CHBrCII
in the all finished drinking water were 1.7, 1.4, 0.5, 0.28, 0.58, 10.2, and 7.9 ug
L™, respectively. The concentrations of I-THMs were higher than those of the
corresponding iodoacids. In addition, the concentrations of I-THMs were higher
than most previously reported values. This is because this occurrence study
focused on the plants with chloramination, whereby observation of high

concentration of 1-DBPs is rational.
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The effect of iodide concentration and free chlorine contact time on I-DBPs
formation was also evaluated in that occurrence study. Generally, the increase
of iodide concentration in source waters led to increase of I-DBPs formation. A
longer prechlorination contact time resulted in the decrease of I-DBPs
formation, because iodide can be rapidly oxidized by chlorine to iodate that
serves as a sink for iodide. In contrast, a shorter prechlorination contact time led
to increase of I-DBPs formation, because the dominant species in the presence
of chloramines was HOI which could react with NOM to produce I-DBPs.
Results from that occurrence study support the proposed formation mechanism
of I-DBPs. For example, the total concentrations of iodoacids and I-THMs in
plant 10 (chlorine used as disinfectant) were the lowest among all of the
selected plants, although the iodide (7.3 pg L™) and TOC (3.5 mg L™) were at
the moderate level in the source water. In addition, the concentrations of 1-DBP
were also low in the chloramination plant 18 with long prechlorination contact
time (e.g., > 45 min), despite moderate concentration of iodide (10.4 pg L™) in
its source water. On the other hand, higher levels of 1-DBPs were observed in
the chloramination plants such as plant 1, 2, 12, 13, 17, and 19, where the
prechlorination contact time was very short (e.g., < 1 min) and the source water

contained high concentration of bromide and iodide (Table 2.2).
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Table 2.2 Concentrations of some selected iodoacids and I-THMs in an occurrence study (Richardson et al., 2008)

Plant Sampling Disinfectant TOC® Bromide lodide [AA? BIAA VA E diacid CHBrCIl CHCI,I Sum Sum
time iodoacids I-
THMs
1 2005 NH,CI 5.8 NR® NR 1.7 052 0.077 0.061 0.36 NR NR 2.72 NR
1 2006 NH,CI 51 699 65 0.093 0.29 0.085 0.28 0.064 5.4 15 0.81 6.9
2 2006 NH,CI 5.6 133 1.0 0.015 0.091 0.050 0.13 0.027 1.4 3.5 0.37 4.9
6 2006 NH,CI 3.3 96 04 0.007 0.026 0.032 0.013 0.027 0.2 1.1 0.11 1.3
7 2006 NH,CI 3.4 105 ND 0.014 0.005 0.010 0.003 0.004 0.13 0.30 0.04 0.43
10 2006 Cl, 35 214 7.3 0.033 0.005 0.010 0.003 0.004 0.25 0.22 0.05 0.47
12 2005 NH,CI 5.2 316 NR  0.006 0.030 ND ND  0.077 15 7.9 0.11 9.4
12 2006 NH,CI 5.2 204 10.3 0.078 0.048 0.003 0.032 0.031 0.98 5.1 0.19 6.1
13 2006 NH,CI 5.1 186 22.3 0.070 0.044 0.010 0.037 0.028 2.1 5.7 0.19 7.8
15 2006 NH,CI NR 107 ND 0.050 0.056 0.038 0.013 0.012 0.2 2.2 0.17 2.4
17 2005 NH,CI 7.4 1087 NR 0021 049 050 0.086 0.31 10.2 2.1 1.41 12.3
17 2006 NH,CI 3.9 NR 224 0.018 0.038 0.064 0.11 0.048 35 0.6 0.28 4.1
18 2006 NH,CI 3.2 35 10.4 0.033 0.035 0.009 0.005 0.009 ND 0.46 0.09 0.46
19 2005 4.5 545 NR 0062 14 ND® ND 0.58 0.16 0.61 2.04 0.76
Cly(but natural
19 2006 ammoniapresent 5 () 300 1042 0.67 029 0.082 ND 0.017 0.72 1.1 1.1 1.8

to form NHZCI)

a. Unit for TOC: mg L™; unit for other parameters: pg L™; b. NR: not reported; c. ND: not detected; d. IAA: iodoacetic acid; BIAA:

bromoiodoacetic acid; Z: (Z)-3-bromo-3-iodo-propenoic acid; E: (E)-3-bromo-3-iodo-propenoic acid; diacid: (E)-2-iodo-3-
methylbutenedioic.
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Besides the above findings, the observations of 1-DBPs in drinking water were also
reported in other studies. For example, a total amount of 37 water samples were
collected from Barcelona drinking water distribution system for I-THMs monitoring.
Of which, 33 water samples analyzed contained CHCI,I, while 27 water samples
contained CHCIBrl. Additionally, CHI; was observed in only 3 samples (Khiahi et
al., 1999). In another occurrence study, both IAA and CHI3 were also detected at ng
L™ to low pg L™ levels in drinking waters from 13 water plants in Shanghai, China,
with maximum levels of 1.66 pug L' and 1.25 pg L™ for IAA and CHls,
respectively (Wei et al., 2013). In a national organic monitoring survey, CHCI,l had
been observed in 85 out of 111 water plants in U.S. and was detected more
frequently than CHBr3 (Brass et al., 1977). Another example is that high level of
CHI; was observed in the finished drinking water in Australia, when one big water
plant used chloramines to replace chlorine in order to maintain the residual of
disinfectant in its big distribution system. As a result, complaints were immediately
received from the customers. This problem was solved by addition of chlorine for a
few minutes before adding ammonia instead of the reverse order (Hansson et al.,
1987).

2.1.5 Transformation of I-DBPs at different process stages during water and

advanced water treatment processes

To date, only a few studies have been reported on the transformation of I-THMs at
different process stages during water and advanced water treatment processes
(Cancho et al., 2000; Farré et al., 2012) and there is still no well-documented study

on the post-formation mitigation of iodoacids.

In one study, water samples were collected from different process stages at
Barcelona water treatment plant for I-THMs monitoring (Cancho et al., 2000).
Conventional treatment processes in this water treatment plant included pre-
chlorination, flocculation, sand filtration, ozonation, granular activated carbon
(GAC) filtration, and post-chlorination. The average levels of TOC, bromide, and
iodide in source water were 5.0 mg L™, 700 pug L™, and 3.2 pg L%, respectively. As
shown in Table 2.3, 4 species including CHCI,l, CHCIBrl, CHBr,l, and CHCII,

were identified during water treatment processes, and the concentration of each
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species was less than 1 pg L. CHCI,l was found in the prechlorinated and sand
filtered water. CHCII, was detected in the sand filtered water. Both CHCIBrI and
CHBr,l were detected in the prechlorinated, sand filtered, and ozonated water. It
was worth mentioning that the concentrations of these identified species were
insignificantly different in the prechlorinated, sand filtered, or ozonated water. It
suggested that conventional treatment processes including sedimentation, sand
filtration, and ozonation could not remove I-THMs effectively. In contrast, GAC
filtration technology appeared promising to remove I-THMs effectively, because all
of 6 I-THMs could not be detected after GAC filtration.

Table 2.3 Concentration of I-THMs at different process stages at Barcelona water
treatment plant (Cancho et al., 2000)

Species Raw Prechlorination Sand Ozonation =~ GAC  Distribution
water filtration system
CHCl; 0.2 8.7 15 14 10 9.5
CHCI,Br P 14 24.5 23 19 21
CHCIBr; 0.1 21 39 37 29 34
CHBr3 0.2 13 29 27 17 26
CHCI,l - 0.1 0.2 - - -
CHCIBrl - 0.2 0.6 0.2 - -
CHBrl - 0.1 0.2 0.1 - -
CHCII, - - 0.1 - - -
CHBtrl, - - - - - -
CHl; - - - - - -
TTHMs 0.5 57.1 108.6 101.3 75 90.5

a. Unit: pg L™ b. It represents the result is below detection limit.

In another study, the transformation of I-THMSs during advanced water treatment
processes was also investigated (Farré et al., 2012). The advanced water treatment
plant consisted of the following processes in sequence: coagulation, disinfection
with chloramines, ultrafiltration (UF), RO, UV-based AOP, and final disinfection
with chlorine. Secondary effluent from a wastewater treatment plant was used as
source water. Water samples were collected from different process stages for
monitoring of DBPs including I-THMs. The relative proportions (on a molar basis)
of several groups of DBPs at each stage were displayed in Figure 2.6. I-THMs were
firstly detected in UF feed after disinfection and remained persistent in RO feed and

permeate. It was also important to highlight that the relative proportions of I-THMs
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among the DBPs monitored were insignificantly different in UF feed, RO feed and
RO permeate. It suggested that advanced membrane technologies including UF and
RO could not remove I-THMs effectively. In contrast, I-THMs seemed to be
effectively eliminated by UV-based AOP.

Secondary effluent (S1) UF feed (S2) RO feed (S3) w@THMS
. B -THMs
UHAN
mHK
\_/ D HN‘\I
Known OX=10npg C1 /L Known OX =6.7 ng C1 L Known OX=72ng Cl 'L
RO permeate (S4) AOQOP (S5) Final (S6)

Known OX=3.1 g C1 L Known OX=33pg Cl L Known OX=58 g Cl L

Figure 2.6 The relative proportions (on a molar basis) of several groups of DBPs at
each stage during the advanced water treatment processes. HAN: haloacetonitriles;
HK: haloketones; HNM: halonitromethanes (Farré et al., 2012).

2.2 UV direct and indirect photolysis
2.2.1 UV direct photolysis
2.2.1.1 Reaction pathways during direct photolysis

A ground state molecule (RX) under the UV irradiation can be promoted to its
electronically excited state (RX’). When the molecules contain a chromophore
group with carbon-halogen (C-X) bond, homolysis of the C-X bond proceeds to
form a carbon centered radical and halogen atom (Equation 2.1). Subsequently, the

carbon centered radical formed can be efficiently trapped by molecular oxygen
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present in the reaction medium to generate peroxyl radical that will be further
transformed to its photoproducts (Equation 2.2). Other mechanisms for direct
photolysis of the organic pollutant in water include the electron transfer from the
electronically excited state (RX) to the molecular oxygen present in the reaction
medium, which leads to the formation of substrate radical cation and superoxide
radical. A series of subsequent reactions such as recombination of the radical ions
or hydrolysis of the radical cation occurs to produce the corresponding
photoproducts (Equation 2.3). Additionally, the RX" formed can be deactivated by a
quencher via energy transfer, electron transfer, or chemical reaction etc. For
example, RX" may be quenched by molecular oxygen to generate singlet molecular
oxygen (Equation 2.4) (Oppenlander, 2003).

RX+hv >RX >R +X (2.1)
R*+0, —» RO, — photoproduct (2.2)
RX"+0, — O, + RX™ — photoproduct (2.3)
RX +0, - RX+'0, (2.4)

The direct photolysis rate of the organic pollutant depends on the UV absorbance of
the organic pollutant at the wavelength in question, quantum vyield of the whole
photochemical processes, and the photon flux emitted by UV lamp at that

wavelength (Wols and Hofman-Caris, 2012).
2.2.1.2 UV absorbance

To evaluate the photochemical potential of the organic pollutant under UV/Vis
direct irradiation, it is necessary to measure its UV/Vis absorbance (Oppenlander,
2003). Subsequently, it is essential to compare the homolytic bond dissociation
energy (D) of the bond that is photo-cleaved in the photochemical reaction and
photon energy at the wavelength in question. In the photochemistry and
photochemical engineering, there are 2 commonly used terms related to photon
energy at the specific wavelength. The first term is threshold wavelength (Atpw)
that is regarded as the maximum wavelength at which the photon energy is equal to
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the energy of the bond that is photo-cleaved in the photochemical reaction (Bolton
and Cater, 1994). It can be determined according to Equation 2.5.

N, hc, 1.1963-10°(kInm mol™)
D D(kJmol™)

A (NM) = (2.5)
where N is Avogadro’s constant in mol™; h is Planck constant in J s; ¢, is the
speed of light in m s, The second term is the absorption onset (Agnet) that is
defined as the specific wavelength at which absorption of UV/Vis irradiation by a
molecule starts and its corresponding molar absorption coefficient (¢) reaches 1.0
M™ cm™ (Bolton and Cater, 1994). The bond dissociation energy (D), the
corresponding threshold wavelength (Atuw), and absorption onset (Agnser) OF SOMe
environmentally important molecules are presented in Table 2.4. For most species,
the absorption onsets (Aonset) are much lower than their calculated threshold
wavelengths (Aruw). One possible explanation is that excess energies are needed for
the formed primary radicals to escape the solvent (water) cage. Otherwise,
recombination of the formed primary radical occurs rapidly, as the rate of diffusion
of the primary radicals out of the solvent cage is often much smaller than the rate of
recombination (Bolton and Cater, 1994). As shown in Table 2.4, the absorption

onset (Aonset) OF H205 is 310 nm, which is much lower than its calculated threshold
wavelength (Arpw = 562 nm). It suggests that HO could not be generated when

H.0, is exposed to the irradiation at 562 nm, as H,0, is optically transparent at this
wavelength (i.e., H,O, has no light absorption at 562 nm). In contrast, with
exposure to the UV irradiation below 310 nm, homolysis of peroxy bond (-O-O-) in

the molecule of H,0, proceeds to form HO'. For ozone, the absorption onset was

measured as 330 nm. It means that UV irradiation below 330 nm is absorbed by O3
and promotes the bond dissociation with generation of the reactive oxygen species

such as singlet molecular oxygen (1Ag) and singlet oxygen atoms (*D). The latter
(*D) can be further transformed to HO" through a series of subsequent reactions.
Additionally, photodissociation of H,O under the vacuum-UV (VUV) irradiation

below 190 nm leads to the generation of hydrogen atom and HO', as the absorption

onset of H,O was measured as 190 nm. Due to efficient production of HO', these 3
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reaction systems described above are classified as AOPs and commonly used for
mineralization and oxidation of the organic pollutants during water and wastewater

treatment processes.

Table 2.4 Primary photochemical processes of some environmentally important
molecules in the gas phase (Oppenlander, 2003)

Molecule Primary products D Threshold Absorption
(kJ mol™ wavelength (Arhw) onset (Aonset) iN

in nm nm

H20, 2 HO 213 562 310
N, NO + 'O (°P) 945 127 126
0, 2°0 (°P) 498 240 190
Os 0,(*A,) + O (‘D) 292 410 330
H,0 H + HO 498 240 190

Like H,O,, some organic pollutants are able to dissociate in the presence of UV
irradiation alone. For example, S-nitrosotoluene-a-thiol (CgHs-CH,-SNO) strongly
absorbs UV irradiation at the wavelength from 200 to 400 nm. Its UV absorption
spectrum exhibits a strong band with a maximum at 220 nm (¢ = 10* M™* cm™) and
a median band with a maximum at 340 nm (e = 1030 M cm™). Additionally, there
is a weak band with a maximum at 560 nm (¢ = 26 M cm™). A previous study
demonstrated that UV irradiation at 365 nm was able to photolyze S-nitrosotoluene-
a-thiol, as this compound has an evident UV absorbance at 365 nm and the photon
energy (330 kJ mol™) at this wavelength is sufficient to photo-cleave the weak -S-
N- bond (217 kJ mol™) in the molecule (Barrett et al., 1965).

2.2.1.3 Quantum yield, photon flux, and photoreaction kinetics

The quantum yield (®) is an indicator of the overall efficiency of a photochemical
reaction (Braun et al., 1991). The quantum yield is defined as the number of the
target molecules decomposed divided by the number of photon absorbed by the

target molecules per unit time (Equation 2.6).

_dM/dt
D

p,abs

®= (2.6)

M =CV 2.7)
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(Dp,abs = qp,absA (28)

where M is the total number of molecules decomposed per unit time in mol and can
be calculated according to Equation 2.7; ®paps is the total number of photon
absorbed by the target molecules per unit time in E s and is equal to absorbed
photon flux (qp.ans, E m™s™) times irradiation area (A, m?); C is the concentration of

target compound in mol L™; V is the volume of the reaction solution in L.
Substitution of Equations 2.7 and 2.8 into Equation 2.6 leads to Equation 2.9.

~dc/dt-v
qp,absA

D = (2.9)

Additionally, Equation 2.9 can be rearranged to Equation 2.10 that is the rate

expression of a photochemical reaction.

_dc A

—=0 = 2.10
dt qp,abs V ( )
According to Beer-Lambert Law, gy ass Can be expressed as follows.
Opas =Ap —Up trans = qp(l_loing) (2.11)

where g, is the photon flux emitted by a UV lamp in E m? st Optrans 1S the

transmitted photon flux in E m™2 s%; b is the optical path length in cm and is equal to
%; e is the molar absorption coefficient of the organic pollutant at the wavelength
in question in M cm™.

Substitution of Equation 2.11 into Equation 2.10 leads to Equation 2.12.

dC e A
——=g,(1-10°")= 2.12
g - 20 )y (2.12)

In a diluted solution of the organic pollutant, if UV absorbance of the solution is

very low (i.e., 2.303¢Cb < 0.02), 10-? in Equation 2.12 can be simplified to 1-

2.303¢Cb through Taylor expansion. Then, Equation 2.12 can be written as
Equation 2.13.
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_C;_Ct: =2.303deq ,C (2.13)
When the total number of photon absorbed by the target molecules is expressed by
the product of the average photonic intensity per volume (l,, E L™ s) and the
volume of the reaction solution (V, L), similar formulas for direct photolysis rate
can also be derived as shown in Equations 2.14 and 2.15.

—d—C=<DIO(1—10’SCb) (2.14)
dt
—c:i—f = 2.303d¢l bC (2.15)

It is obvious from Equations 2.13 and 2.15 that the photodegradation rate of the
organic pollutant is proportional to the quantum yield (®) and the molar absorption
coefficient of the organic pollutant (¢) at the wavelength in question. The
photodegradation rate is also related to the photon flux (q,) or the average photonic
intensity per volume (l,) emitted by the UV lamp and optical path length which

depend on the geometry of photoreactor.

Quantum yield may vary with the change of the wavelength of the absorbed UV
irradiation, but some photochemical systems exhibit constant quantum yields over a
specific range of wavelength. Such photochemical systems with well-known
quantum vyields, termed as actinometer are commonly used to measure the photon
flux (gp) emitted by a UV lamp (Oppenlander, 2003). For example, iodide/iodate
has been used as an actinometer to measure the photon flux emitted by UV254 lamp
(Rahn, 1997). And this method is commonly used to determine the disinfection
efficiency. Additionally, some other actinometric methods have been developed to
measure the radiation efficiencies of the novel UV lamps, e.g. using 3,4-
dimethoxynitrobenezne as an actinometer at 308 nm (Zhang et al., 1999), uridine at
222 nm (Zhang et al., 1997), and methanol at 172 nm (Heit et al., 1998).

As mentioned above, the photon flux (g,) or the average photonic intensity per
volume (l,) of the photoreactor system can be measured from chemical actinometry.

Subsequently, quantum vyield of the organic pollutant investigated can be
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determined according to Equation 2.13 or 2.15, based on molar absorption
coefficient and experimentally observed first-order rate constant of the organic
pollutant by direct photolysis.

2.2.2 UV indirect photolysis
2.2.2.1 Formation of hydroxyl and sulfate radical

UV-based AOPs have been intensively investigated for oxidation and
mineralization of the organic pollutants. There are a variety of UV-based AOPs
technologies including UV/H,0,, UV/H,0,/Fe**, UV/O;, UV/TIO,, vacuum UV
(VUV), UV/S,06* (UV/PS), and UV/HSOs  etc. These technologies have a common
feature with efficient production of reactive radical species such as HO" and SO, .
The focuses of this study are UV/H,0, and UV/PS AOP and their application for
removal of I-DBPs including I-THMs and iodoacids. Thus, in this section, the
formation of HO" in the UV/H,0; process and SO, in the UV/PS process were

discussed as follows.

H,0, and S,0s% have a similar structure with a peroxy bond (-O-O-). Two
hydrogen atoms in the molecule of H,O, are replaced by SO; to form S,05> . It was
reported that the bond distances of -O-O- in H,0, and S,0¢* are 1.460 and 1.497 A,
respectively, while the bond energy of -O-O- in H,0, and S,0g> are 213.3 and 140
kJ mol™, respectively (Yang et al., 2010). The photon energy of UV254 is 472 kJ
mol™, which is sufficient to cleave the -O-O- bond in H,0, and S,0g>". The molar
absorption coefficients of H,0, and S,0g° at UV254 are 19.6 and 20 M™* cm™,
respectively (Kwon et al., 2015). Under UV254 direct irradiation, the ground state
of H,0, and S,0g> can be promoted to its electronically excited state. Subsequently,

homolytic cleavage of -O-O- bond in the electronically excited molecule leads to
the formation of the primary radical species, HO and SO, , respectively. The
formation quantum yields of HO and SO, at this wavelength are 1.0 and 1.4,
respectively (Baxendale and Wilson, 1957; Mark et al., 1990). In comparison with
the selective radical species such as COs; ™ and CI', both HO and SO, react with a

wide range of organic pollutants at a near diffusion-controlled rate, due to their
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higher redox potential (1.8 to 2.7 V/NHE and 2.6 to 3.1V/NHE for HO" and SO, ",
respectively) (Zhang et al., 2015a). Compared to HO', SO, has a longer lifetime
(ty, =< 1 and ty, =< 30-40 ps for HO and SO, , respectively), higher redox

potential at neutral pH, and reacts faster with pollutants through electron transfer
mechanism (Dogliotti, 1967; Madhavan et al., 1978; Oppenlander, 2003; Chan and

Chu, 2009; Oh et al., 2016). For example, SO, promotes the decarboxylation of

carboxylic acid through electron transfer oxidation (Madhavan et al., 1978).
Additionally, both H,O, and S,0s% present limited ability to oxidize organic
compounds directly (Table 2.5).

H,0, + hv — 2HO' (2.16)

S,07 +hv —2S0; (2.17)

Table 2.5 Redox potential of selected radicals and oxidants

Couple E/V Remark Reference
2.62 pH 3
HO'/H,0 2.39 pH7 (Zhang et al., 2016)
2.15 pH 11
SO; /S0O; 2.6-3.1 - (Eberson, 1982)
CO; /CcOZ 1.50 - (Oppenlander, 2003)
CO; /HCO; 1.78 pH 7 (Medinas et al., 2007)
cr/cr 241 - (Huie et al., 1991)
H,0, 1.78 - (Brillas et al., 2009)
S,05> 2.01 — (Brillas et al., 2009)

In the UV/H,0, process, the overall organic pollutant photodegradation involves
UV direct photolysis and HO -assisted indirect photolysis, as described by Equation
2.18.

—Z—?z(l)lof(l—lOSCb)Jrk Cc._.C (2.18)

HO',M ~ HO

25



where ko is the second-order rate constant of HO reacting with the organic

pollutant in M s™; Cyo- is the steady-state concentration of HO' in the UV/H,0,

process in mol L™; other terms are as defined previously.

In the UV/ S,0¢% process, SO, can be converted to HO™ to some extent (Equations
2.19 and 2.20). Therefore, the overall degradation is attributed to direct photolysis
as well as SO4 - and HO -assisted indirect photolysis, as described by Equation

2.21.

SO, +H,0 »HO +S0” (k <60s™) (2.19)
SO, +OH —HO +S0O? (k=6.5x10'M"'s ™) (2.20)

dc _ | f(1-10") + k C_.C+k . C _.C 2.21
_E_(DK of (- )+ SO M ~so; Ko Mo (2.21)

where Kkso,-w is the second-order rate constant of SO, reacting with the organic
pollutant in M st Cso,-and Cpo- are the steady-state concentrations of SO, and

HO" in the UV/PS process in mol L™, respectively; other terms are as defined

previously.

2.2.2.2 Oxidation mechanism of hydroxyl and sulfate radical

HO' can primarily react with the organic pollutant through 2 oxidation mechanisms:

(i) by electrophilic addition to a double bond (a) or an aromatic ring (b); (ii) by
hydrogen abstraction from a carbon atom (Schwarzenbach et al., 2003). Generalized

examples of each mechanism are shown in Figure 2.7.

26



H,C CH,

) 3 OH CH3
(ia) . /
+ HO ——> Hc c-\

cH, CHs

H,yC CH,
H
HO

_ X _ X

(ib) ‘ —XR + HO —» —X,R
H H

(ii) R+H + HO — » R—l' + H,0
! !

Figure 2.7 Generalized examples for oxidation mechanism of HO'

SO,  oxidation of the organic pollutant occurs primarily through 3 oxidation
mechanisms: (i) by electrophilic addition to a double bond; (ii) by abstracting a
hydrogen atom from a saturated carbon; (iii) by electron transfer from a carboxyl

group and from certain neutral molecules (Norman et al., 1970; Criquet and Leitner,
2009). Generalized examples of each mechanism for SO, oxidation of the organic

pollutant are shown in Figure 2.8.

Compared to HO, SO, reacts more slowly with organic pollutants through
hydrogen abstraction and addition. On the other hand, SO, oxidizes some organic
pollutants with higher rate constants through electron transfer oxidation. For
example, most aliphatic acids can be degraded effectively by SO, through electron
transfer oxidation of carboxyl group, while their reactions with HO led to little

decarboxylation (Madhavan et al., 1978).
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Figure 2.8 Generalized examples for oxidation mechanism of SO, .

2.2.2.3 Oxidation rates of hydroxyl and sulfate radical with organic compounds

It was reported that the decay of HO™ could not be monitored due to its weak
ultraviolet absorption and short lifetime. Therefore, the second-order rate constants
of organic compounds reacting with HO  could not be determined through
monitoring the decay of HO (Buxton et al., 1988). Instead, some chemicals are
employed as molecular probe for trapping HO to form the stable and quantifiable
products (Jankowski et al., 2000; Yang et al., 2004; Wu et al., 2007b). For example,
the diamagnetic spin trap, 5,5’-dimethyl-1-pyrrplin N-oxide (DMPO) can react with
HO to produce a stable paramagnetic spin-adduct, which can be monitored by
electron paramagnetic resonance (EPR) spectroscopy. The method has been used to
quantify the concentration of HO and to determine the formation efficiency of
HO' in the UV-based AOPs (Wolfrum et al., 1994). Subsequently, the second-order
rate constants of many organic compounds reacting with HO have been

quantitatively measured (Kochany and Bolton, 1991).
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In contrast, SO, was identified from its optical absorption spectrum with a
maximum at 450 nm (e = 1100 M cm™) (Neta et al., 1988). The pseudo-first-order
decay rate of SO, absorption at 450 nm was measured with the increase of the
concentration of the organic compound studied. Subsequently, the second-order rate

constant of the organic compound reacting with SO, was determined through a

linear plot of the decay rate of SO, versus the concentration of the organic
compound. For example, by pulse radiolysis of persulfate, the second-order rate
constants of SO, reacting with anisole and nitrobenzene were determined as 5 x

10° Mt ecm™ and < 10° M ecm™, respectively (Neta et al., 1977).

On this basis, a competition kinetics approach has been commonly applied to
determine the second-order rate constants of HO'/ SO, reacting with the organic
pollutant studied. According to this method, a chemical such as nitrobenzene, para-
chlorobenzoic acid, and m-toluic acid can be selected as reference compounds,
because this kind of compounds are readily oxidized by HO  or SO, with known
second-order rate constants. Simultaneous photodegradation of the target compound
and the reference compound in the UV-based AOPs was conducted to determine the

second-order rate constants of the target compound reacting with HO or SO, . It is

assumed that the reaction of HO" or SO,  with target compound and reference
compound proceed in parallel independently. Therefore, the second-order rate

constants of the target compound can be determined according to Equation 2.22.

k k

_ Robs,M — "uv,M
kradicaI,M - k k

(2.22)

_ k radical,R
obs,R UV,R

where Kragicam and Kragicatg are the second-order rate constants of the target
compound and reference compound reacting with HO" or SO, ", respectively; Kopsm
and kops g are the observed pseudo-first-order rate constants of target compound and
reference compound in the UV-based AOP, respectively; kyym and kyyr are the
direct photolysis rate constants of the target compound and reference compound in
the UV-based AOP, respectively. The experiments could be conducted repeatedly
with different initial concentrations of the reference compound and the obtained
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average values will be used to calculate the second-order rate constant of the

organic pollutant reacting with HO" or SO, .

Using the methods mentioned above, the second-order rate constants of HO and

SO4 reacting with many inorganic and organic species were determined (Table
2.6).

Table 2.6 The second-order rate constants of HO" and SO4  reacting with some
inorganic and organic species

2" order rate  2"-order rate

Species constant with  constant with Reference
HO' SO, (M*sh
(M*s?)
HCO, 8.5 x 10° 9.1 x 10° (Buxton et al., 1988; Neta et al., 1988)
Co? 3.9x10° 6.1 x 10° (Buxton et al., 1988; Zuo et al., 1999)
H,PO;, ~ 2 x10* <7x10* (Buxton et al., 1988; Neta et al., 1988)
HPO? 15x10° 1.2 x 10° (Buxton et al., 1988; Neta et al., 1988)
nitrobenzene 3.9x 10° <10° (Neta et al., 1977; Buxton et al., 1988)
p-hitrobenzoic acid 2.6 x 10° <10° (Neta et al., 1977; Buxton et al., 1988)
p-chlorobenzoic 45x10° 3.6 x 10° (Neta et al., 1977; Buxton et al., 1988)
acid
m-toluic acid 7.6 x 10° 2.0x10° (Neta et al., 1977; Buxton et al., 1988)
benzoic acid 4.3 x 10° 1.2 x10° (Neta et al., 1977; Buxton et al., 1988)
methanol 9.8 x 10’ 1.1 x 10’ (Buxton et al., 1988; Neta et al., 1988)
t-butanol 6.0 x 108 8.4x10° (Buxton et al., 1988; Clifton and Huie,
1989)

2.2.3 Recent development of UV/H,0, and UV/PS AOP
2.2.3.1 UV/H,0, AOP

In recent years, a number of studies have been performed to investigate the
degradation of organic pollutants by UV/H,O, processes. A summary of some
studies is listed in Table 2.7.
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Table 2.7 Summary of some studies about the degradation of organic pollutants by UV/H,0, AOP

Target pollutant Treatment Experimental conditions Observation Reference
Estrone (E1), uv, LP-Hg lamp, Cy =5 um, UV (1000 mJ cm®): E1 (70% removal) > EE2 (13%) >E2 (7%). (Cédat et al., 2016)
b-Estradiol (E2), UV/H,0,, estrogenic activity with YES bioassay, ~UV/H,0, (1000 mJ cm™ and 40 mg LY): E1 = EE2 = E2 > 99%
and 17a-Ethinyl Estradiol (EE2) pilot-scale type of water: drinking water and removal. 80% removal of the initial estrogenic activity (520 mJ cm™ +

treated wastewater 30 mg L™ H,0,). 0.15 €m™ (10 m*h™, 520 mJ cm? + 30 mg L™
Hzoz).
Ofloxacin Uv254 Co=10mg L%, 97% removal of ofloxacin (UV254 + 0.27 g L™ H,0,, 30 min, pH 7). (Lin et al., 2016)
uUV365 H,0, doses from 0.03 to 0.47 g L? The degradation rate: UV254 > UV 365, acidic conditions > alkaline
pH 3,7, and 11 conditions. EE/O: 2.2 (UV254) < 22.5 kWhm3order}(UV365)

Venlafaxine (VFX), UV/H,0, LP-Hg lamp (0.11 W cm™?), Co =20  99.9% removal of VFX and DVFX after 5 and 30 min, respectively. (Garcia-Galan et

o-desmethylvenlafaxine (OVFX) mg L, 700 mg L H,0,, toxicity 11 transformation products identified for VFX and 6 for DVFX. The al., 2016)

assay with vibrio fischeri bacteria. toxicity increased during the UV/H,O0, process.

Atrazine (ATZ), UV/H,0, LP-Hg lamp (4 x 15 W), 10 mg L* The degradation rate: DCL > TCL > ATZ > CBZ. Toxicity increased (Rozas et al., 2016)

Carbamazepine (CBZ), H,0,, toxicity with Daphnia magna, at a UV dose of 300 mJ cm, then decreased at 1200 mJ cm™.

Diclofenac (DCL), type of water: river water.

Triclosan (TCS)

Acetaminnophen (ACE) UV/H,0, LP-Hg lamp (1.28 x 108E L s, C,  The degradation increased due to generation of CIBr~, which is very (Li et al., 2015)
=10 uM, 1 mM H,0,, effect of reactive to electron-rich moieties of ACE. Transformation products
halides and NOM identified.

Oxytetracycline uv LP-Hg lamp (0.1 W cm), Co=10 uM,  Over pH 3 to 11, the high degradation rate was observed at pH 5.5. A (Liu et al., 2015)

UV/H,0, 1 mM H,0,, effect of pH and slight increase of degradation rate in the presence of high
bicarbonate concentration of carbonate or bicarbonate.

Azo dye reactive orange 16 UV/H,0, LP-Hg lamp (1.95 mW cm™), Transformation products identified. Toxicity increased first, and then (Mitrovi¢ et al.,
Co=50 mg L?, 25 mM H,0,, toxicity ~ decreased. 2014)
assay with vibrio fischeri bacteria.

Cylindrospermopsin (CYN) UV/H,0, LP-Hg lamp (0.1 mW cm), Transformation by-products identified. (He et al., 2014c)
CO: 5 HM, 0.5 mM HzOz,
type of water: natural water.

Chlorpyrifos UV/H,0, LP-Hg lamp (20 W), Co=15mg LY, > 99% removal at 60 min. Toxicity increased slightly first, then (Femia et al., 2013)
450 mg L H,0,, toxicity assay with decreased.
vibrio fischeri bacteria.

Atrazine and other pollutants UV/H,0, MP-Hg lamp, installed between dual > 80% removal of atrazine at an electrical energy of 0.56 kwWhm™ and (Kruithof and

(from pesticides to full-scale media filtration and GAC filtration 6 mg L™ H,0,. Most target pollutants were removed to below their Martijn, 2013)

pharmaceuticals, solvents)

detection limits of 0.02 pg L *after the UV/H,0, process.
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Among these studies, more research works have been conducted to evaluate the
effect of pH, matrix species etc. on the performance of the UV/H,0, processes. The
optimum pHs for degradation of organic pollutants in the UV/H,O, processes were
different in many studies (Liu et al., 2015; Lin et al., 2016; Zhang et al., 2016). The
degradation rates of ofloxacin in the UV/H,0, processes followed the order of pH
3>pH 7 >pH 11 (Lin et al., 2016). Liu et al (2015) investigated the oxidation of
oxytetracycline (OXT) by UV/H,0, process at different pHs (3 to 11). A higher
degradation rate was observed at pH 5.5. Generally, both HCO; and CO:" which
are commonly present in natural water had negative effect on the process
efficiencies in most studies (Kwon et al., 2015; Devi et al., 2016; Zhang et al.,
2016). However, the degradation of oxytetracycline (OXT) in the UV/H,0, process
was not inhibited in the presence of HCO; or CO; (Liu et al., 2015). Instead, the

degradation rate increased slightly at high concentration of HCO, or CO: . On this
basis, the authors designed the experiments to determine the second-order rate
constant of CO3™~ reacting with OTC as 2.9 x 10° M s (pH 10.4). It means that
CO; is also reactive to OTC. These results suggest that HCO, and CO2 might

have both negative and positive effect on the performance of UV/H,0, AOP.

CI" is another matrix species commonly found in the natural water. There are some
reports available about the effect of CI" on the degradation efficiency of UV/H,0,
AOP (Yang et al., 2014; Li et al., 2015; Zhang et al., 2016). Yang et al (2014)
reported that ClI adversely effected the degradation of benzoic acid (BA) and
cyclohexanecarboxylic acid (CCA) in the UV/H,0, process. But, it had no effect on
the degradation of 3-cyclohexene-1-carboxylic acid (3CCA), due to the generation
of chloride species such as ClI and Cl, ", which is also very reactive to olefin. In
another study, CI" had a minimal effect on the degradation of acetaminophen in the
UV/H,0, process, while the degradation rate decreased with the increase of Br(Li
et al., 2015). Interestingly, the degradation rate increased obviously in the presence
of both Cl-and Br™ . This was due to generation of CIBr~, which was also reactive to
electron-rich moieties of acetaminophen (Li et al., 2015). From the above

discussion, it can be concluded that pH and matrix species exhibit different
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influences on the degradation of organic pollutants depending on their structures
and chemical properties. Thus, it is essential to evaluate the individual effects of

these factors when a new organic pollutant is treated by UV/H,0, process.

Furthermore, there is a concern of the application of UV/H,O, for organic
pollutants removal, i.e., the formation of unknown transformation by-
products/intermediates. To address this issue, toxicity tests have been carried out in
many studies (Femia et al., 2013; Cédat et al., 2016; Rozas et al., 2016). For
example, Rozas et al (2016) conducted toxicity test with Daphnia magna during the
UV/H,0, treatment of organic pollutants including atrazine and carbazepine (Rozas
et al., 2016). Higher toxicity was observed at a low UV dose of 300 mJ cm™. It
suggested that the higher toxic intermediates were generated during the treatment
process. At a higher UV dose of 1200 mJ cm™, toxicity declined obviously. Besides
the toxicity test, more research efforts have been made to identify the
transformation by-products (He et al., 2014c; Li et al., 2015; Garcia-Galan et al.,
2016). He et al (2014c) investigated the degradation mechanism of
cylindrospermopsin (CYN) by the UV/H,O, process. Various degradation by-
products were identified by LC-QTOF-MS. The authors proposed that HO" attacked
CYN at 3 sites: hydroxymethyl uracil, tricylic alkanoid, and sulfate group (Figure
2.9). There was a common difference of 2 Da (two hydrogen) among the number of
transformation by-products within each group, which indicated the formation of
C=C bond or oxidation of secondary alcohol. The differences of 16 Da (one oxygen
atom) and 80 Da (-SO3) among the identified by-products in each group
represented the hydroxylation pathway and elimination pathway of sulfate group,
respectively. Generally, there were 3 reaction mechanisms in the course of reaction:
hydroxyl addition, alcoholic oxidation or dehydrogenation, and elimination of
sulfate. For each site of CYN attacked by HO, the degradation pathways were

proposed correspondingly based on the identified by-products in their study.
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Figure 2.9 Degradation mechanism of cylindrospermopsin (CYN) by HO (He et al.,
2014c).

UV/H,0, AOP has been applied in field-scale drinking water and advanced water
treatment plants. For example, in North Holland, UV/H,0, system was integrated in
an existing conventional surface water treatment plant, which consisted of
coagulation, sedimentation, dual media filtration, and granular activated carbon
(GAC) filtration (Kruithof and Martijn, 2013). UV/H,0, system was installed
between dual media filtration and GAC filtration (Figure 2.10(a)). GAC filter could
remove the residual H,O, and the oxidation by-products generated during the
oxidation process. 25 priority pollutants were identified in the source water. Before
installing the UV/H,0, system, the concentrations of most pollutants were removed
to below 0.1 pg L™ after GAC filtration. However, ethylenediaminetetraacetic acid
(EDTA), one of the 25 priority pollutants, could not be removed by GAC
effectively. After installation of UV/H,0, system, EDTA was not detected in the
finished water, even the concentration of EDTA in the source water was up to 6 ug
L. The concentrations of other pollutants found in the source water were also
removed to below their detection limits of 0.02 ug L™ in the finished water. To
further reduce the operating cost, the plant operator is planning to increase the UV
transmissions (UVT) of the filtered water, which has a strong impact on the
electrical energy demand (EED). The UVT of the water is determined by NOM and
nitrate, which could be removed by pre-treatment processes to some extent. The
UVT of dual media filtered water was 85% by the current pre-treatment processes.
Under these conditions, the EED for 80% atrazine removal by UV/H,0O, treatment

was 0.56 kWhm™. The plant operator is deciding to replace the current pre-
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treatment processes by the combination of ion exchange and ceramic membrane
micro-filtration (Figure 2.10(b)). The UVT of the membrane filtered water can
increase to 93%, which can lower the EED for 80% atrazine removal to 0.34
kWhm™. As a result, the plant can increase the treatment capability from 3000 to
4200 m* h™. It can be said that UV/H,O, process is a robust barrier to control

organic pollutants with attractive energetic efficiency.

(a) raw water (b) raw water
{ \
| microstraining | | sieving |
{ Y
| coagulation | | ion exchange |
{ {
| dual media filtration | | ceramic micro filtration |
{ {
| UV/H,0, AOP | | UV/H,0, AOP |
Y Y
| GAC filter | | GAC filter |
v !}
| microstraining | | microstraining |
Y {
| chloride dioxide dosage | | chloride dioxide dosage |
{ {
drinking water drinking water

Figure 2.10 (a) Treatment scheme with UV/H,O, AOP for surface water treatment
in North Holland; (b) retrofit treatment scheme with ion exchange and ceramic
microfiltration pre-treatment (Kruithof and Martijn, 2013).

2.2.3.2 UV/PS AOP

Compared to UV/H,0, AOP which has been investigated for more than 20 years,
UV/PS AOP has only attracted more attention in the recent years. Thus, most
studies of US/PS AOP were conducted in bench-scale only. A summary of the
recent development of UV/PS AOP is presented in Table 2.8.
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Table 2.8 Summary of some studies about the degradation of organic pollutants by UV/PS AOP

Target pollutant Treatment Experimental conditions Observation Reference

2,4-Di-tert-butylphenol UV/PS LP-Hg lamp (75 W), The degradation rates remained constant at pH 3-7 and slightly (Wang et al., 2016)
Co=24.2 uM, PS =1 mM, decreased from 7-10. Chloride enhanced the degradation, while
effect of pH, anion, and NOM NOM inhibited the degradation. Transformation by-products

identified.

Oxytetracycline UV/PS LP-Hg lamp (15 W), The highest degradation rate at pH 5.5-8.5. Chloride inhibited the (Liu et al., 2016)

effect of pH, background water matrix, degradation, while bicarbonate enhanced the degradation.
Qualitative determination of the contribution of sulfate and
hydroxyl radical. Transformation by-products identified.

2,4,6-trichloroanisole UV/PS LP-Hg lamp (0.16 mW cm™?), The degradation rate decreased with increasing pH from 4 to 9. (Luo et al., 2016)
effect of pH, PS dose, and background Chloride slightly inhibited the degradation, while bicarbonate had
water matrix a negative effect on the degradation. The respective contribution

of sulfate and hydroxyl radicals predicted by the kinetic model.
Transformation by-products identified.
Azathioprine UVv/PS LP-Hg lamp (5.57 x 10° E s cm™), UV/PS was more effective than UV/PS for azathioprine removal. (Zhang et al., 2016)
UV/H,0, effect of pH, chloride, and bicarbonate Chloride slightly inhibited the degradation, while bicarbonate had
a negative effect on the degradation in both processes.

Erythromycin (ERY) UV/PS LP-Hg lamp (4.57 x 109 E*sY), (Michael-Kordatou
type of water: secondary wastewater Total inactivation of Escherichia coli within 90 min. The final etal., 2015)
effluent, toxicity test with Escherichia treated effluent had a lower phytotoxicity (<10%) compared to the
coli, phytotoxicity test with S. alba, L. untreated wastewater. Transformation by-products identified.
sativum, and S. saccharatum

Perfluorooatanoic acid UV/PS LP-Hg lamp (2.88 x 107 E* L s™), type  Chloride inhibited the degradation and was oxidized to chlorate. (Qian et al., 2016)
of water: ultrapure water and real water
sample, effect of chloride

Ibuprofen UV/PS LP-Hg lamp (0.5 mW cm?), UV/PS was more effective than UV/H,0, for ibuprofen removal (Kwon et al., 2015)

UV/H,0, type of water: wastewater, MF filtrate, in RO permeate. But, UV/PS was less effective in secondary
RO permeate effluent.

B-Lactam UV/PS LP-Hg lamp (0.1 mW cm) Quantitative determination of the respective contribution of sulfate (He et al., 2014b)

and hydroxyl radical. Transformation by-products identified.

Antipyrine UV/PS LP-Hg lamp (75 W) UV/H,0, was more effective than UV/PS for antipyrine removal. (Tan et al., 2013)

UV/H,0,

Polyvinyl alcohol (PVA) UV/PS UV365 (8 W), effect of pH, PS dose, The degradation rate followed the order of pH 3 > pH 7 > pH 11. (Linetal., 2013)
and background water matrix Chloride and bicarbonate had negative effect on the degradation

rate.

Bromate control UV/PS LP-Hg lamp (2.19 x 108 E? LtsY), The bromate formation decreased over 90% with increasing pH (Fang and Shang,
effect of bromide and PS dose, type of from 7 to above 9. Less bromate was formed in the real water 2012)

water: ultrapure water and real water
sample

compared to ultrapure water.
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Similar to the studies of UV/H,0, AOP, more research works have been conducted
to investigate the effect of pH, background water matrix etc. on the performance of
UV/PS AOP. In some studies, the degradation rates of the organic pollutants
decreased with increasing pH (Lin et al., 2013; Luo et al., 2016). However, the
degradation rate of oxytetracycline (OTC) at near neutral condition (5.5-8.5) was
higher than those at acidic and basic conditions (Liu et al., 2016). Most research
data indicated that CI" inhibited the degradation of organic pollutants as it acted as
the scavenger of SO, (Lin et al., 2013; Liu et al., 2016; Zhang et al., 2016).
Nevertheless, the degradation rate of 2,4-Di-tert-butylphenol (2,4-D) increased with
the increase of ClI" (Wang et al., 2016). Two possible reasons were proposed to
explain this phenomenon. First, the generated chlorine species such as Cl" was also
reactive to 2,4-D. Second, the generated chlorine species such as Cl" and Cl, could

promote the propagation reaction to produce more SO, . Furthermore, HCO; had a

negative effect on the degradation kinetics in the most UV/PS AOP studies as it was
a strong scavenger of SO, (Lin et al., 2013; Luo et al., 2016; Zhang et al., 2016).
But, a slight increase of the degradation rate of oxytetracycline (OTC) in the UV/PS

process was observed in the presence of HCO,, as the generated CO;~ could

selectively react with OTC (Liu et al., 2016).

As mentioned previously, SO, can be transformed to HO to some extent. There
are some studies about the qualitative and quantitative determination of the
respective contribution of SO, and HO' for the organic pollutant degradation in the
UV/PS process. For example, Michael-Kordatou et al (2015) used different alcohols
such as t-butanol and ethanol to differentiate the respective contributions of SO;
and HO' qualitatively, as these two alcohols have different reactivities with SO,
and HO'. Luo et al (2016) established a mathematical model to estimate the steady-
state concentration of SO, and HO'". On this basis, the respective contributions of
SO, and HO' for 2,4,6-trichloroanisole degradation was predicted. He et al (2014b)
used the probe compounds such nitrobenzene and m-toluic acid to determine the

steady-state concentration of SO, and HO' at a specific condition. Accordingly, the
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respective contributions of SO, and HO' for B-lactam antibiotics degradation were

determined quantitatively.

Identification of the transformation by-products in the UV/PS process have also
been conducted in most recent studies (Michael-Kordatou et al., 2015; Liu et al.,
2016; Luo et al., 2016). For example, Liu et al (2016) investigated the degradation
mechanism of oxytetracycline (OTC) using LC-QTOF-MS. The authors used t-
butanol as the scavenger of HO to exclude the contribution from HO in a control
experiment. Same transformation by-products were detected for both UV/PS and
UV/PS/t-butanol system. 4 different degradation pathways were proposed including
hydroxylation (+ 16 Da), demethylation (-16 Da), decarboxylation (- 28 Da), and
dehydration (- 18 Da) (Figure 2.11).

NH,

Hydroxylation: +16 Da
Demethylation: -14 Da
Decarbonylation: -28 Da
Dehydration: -18 Da

Figure 2.11 Degradation mechanism of oxytetracycline (OTC) by SO, (Liu et al.,
2016).

Compared to UV/H,0, AOP, limited number of studies was conducted for toxicity
test during UV/PS treatment process. Michael-Kordatou et al (2015) performed
phytotoxicity test during the UV/PS treatment of erythromycin in wastewater. The
phytotoxicity in the final treated effluent decreased slightly (<10%) compared to
that in the untreated wastewater. The authors supposed that the phytotoxicity
against the test plants such as S. alba, L. sativum, and S. saccharatum was
potentially associated with the dissolved effluent organic matters and their
oxidation by-products. The authors also observed the total inactivation of

Escherichia coli within 90 min.
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There is a concern of BrO, formation in the application of SO, for organic

pollutants removal, as Br~ present in the source water can be oxidized by SO4  to
toxic BrO, , which is regulated by U.S. EPA, European commission standards, and
WHO at maximum contaminant level of 10 pg L™ for drinking water. Besides the
addition of a secondary treatment unit after SO, oxidation to remove the formed

BrO;, kinetic control with pH adjustment and chemical addition such as HCO,
have been employed to control BrO; formation (Oh et al., 2016). Fang et al (2012)
reported that BrO; formation in the UV/PS process was almost the same at pH 4-7,

but it decreased over 90% when pH increased from 7 to above 9.

Furthermore, comparative evaluation of UV/PS and UV/H,O, AOP for organic
pollutants removal has been conducted in some studies (Tan et al., 2013; Kwon et
al., 2015; Zhang et al., 2016). Zhang et al (2016) reported that the degradation rates
of azathioprine in the UV/PS process in different types of water including DI water,
treated drinking water, and secondary effluent were higher than those in the
UV/H,0, process. In contrast, the degradation of antipyrine in the UV/H,0, process
in laboratory synthetic water was faster than that in the U/PS process (Tan et al.,
2013). Kwon et al (2015) reported that the rate of ibuprofen (IBF) degradation in
RO permeate treated with the UV/PS process was higher than that with the
UV/H,0, process. However, UV/H,0, process was more effective than UV/PS
process for ibuprofen removal in the secondary effluent. The authors evaluated the

effect of the individual matrix species (HCO;, ClI", NOM etc.) on the degradation
kinetics using synthetic solution. It was found that HCO, and NOM exhibited

stronger negative effects on the UV/PS process than the UV/H,0, process.

2.2.4 Literature summary for UV direct and indirect photolysis of DBPs

To the best knowledge of the author, UV direct and indirect photolysis has been
investigated for removal of DBPs such as THMs, HAAs, halonitromethanes,
haloactonitriles, and nitrosoamines etc. As shown in Table 2.9, brominated DBPs

and nitrosoamines are more susceptible to UV direct photolysis as compared to
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chlorinated DBPs. On the other hand, HO -based UV indirect photolysis such as
UV/H,0, AOP looks promising to remove DBPs effectively. However, there is no

report about removal of DBP by SO, . Little is known about removal of 1-DBPs by

UV direct and indirect photolysis.

Table 2.9 Literature summary for UV direct and indirect photolysis of DBPs

DBPs Conditions Pseudo-first-order References
rate constant (min™)
and/or quantum
yield (D)
CHCl; a
CHCI,Br UV 253.7 nm; pH 7.5, 20 °C ® = 0.43+0.1 (Nicole et al., 1991)
CHCIBr, "
CHBr; ® =0.43£0.1
® =0.43£0.1
THMs UV 112-400 nm; pH 2.5-10;  92-100% removal  (Rudraetal., 2005)
0.1% H,0,
CHBr4 UV 254 nm; neutral pH 1.02 x 10* (Castro and Belser,
1981)
CHBr3 UV 266-324 nm:; air, 31 °C ®=0.76 (Bayes et al., 2003)
CHBrs UV 248 nm; air ®=02-03 (Zou et al., 2004)
CHBr3 UV 240 nm; water ® =043 (Kwok et al., 2004)
CHCI, UV 253.7 nm only; UV -(0.09)
CHCI,Br 253.7 nm/H,0, (6 mg L%); 0.13(0.13)° (Jo et al., 2011)
CHCIBr, 24+1°C 0.60(0.78)
CHBr; 1.68(1.74)
CHCl; 0.020+0.002
CHCI,Br UV 150-400 nm 0.070+0.008 (Hansen et al.,
CHCIBr, 0.205+0.022 2013)
CHBr; 0.394+0.026
BrH,CCO,H 0.13(0.066)
Br,HCCO,H UV 253.7 nm only; UV 0.90(0.78)
Br;CCO,H 253.7 nm/H,0, (6 mg L™); 4.44(3.84) (Joetal., 2011)
CIH,CCO,H 24+1°C -(0.035)
Cl,HCCO,H -(0.030)
Cl;CCO,H -(0.017)
CIH,CCO,H UV 253.7 nm/ Na,SO; (126  3.7560+0.0685 (UM (Li et al., 2012a)
mg L™); pH 9.2; 25 °C. min™)
CI3C(NO,) UV 254 nm; neutral pH; 20 8.33x10° (Castro and Belser,
°C 1981)
Cl:C(NO) UV 199-400 nm; 20°C  3.41x10°-4.80x10° (A“Sltg;‘ggt al,
Cl,C(NO,) UV 150-400 nm 0.523+0.145 (Ha”;g?;t al.,
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BrH,C(NO,) ®=0.114
BFZHC(NOQ) UV 254 nm; pH 3-10 @ =0.409 (Fang etal., 2013)
CI,HC(NOy) @ =0.327
CI3HC(NOy) ® =0.46+0.03
CI,HCCN 0.024+0.006
CI;CCN UV 150-400 nm 0.130+0.021 (Hansen et al.,
CIBrHCCN 0.094+0.010 2013)
Br,HCCN 0.200£0.021
UVsoIar/TiOZ/os; UVsoIary
CILHCCN 300-800 nm, 33.8 W m?; 0.033 min* (Shin et al., 2013)
TiO,, 1gL™% 05 1.13g L™
h*, 20 °C.
NDMA® UV 200-300 nm; pH 3 and 2.6 (Stefan and BOltOﬂ,
10; 1 pmol L ®=0.30 2002)
NDMA UV 254 nm only; 0.16 (0.17),
UV 254 nm/ II|202 (100 mg ®=0.30
L™)
NDMA UV 200-300 nm Only, 0.36 (031), (SharpleSS and
®=0.30 Linden, 2003)
UV 200-300 nm/ H,0, (100
mg L™
NPyr UV 253.7 nm; pH 7.1 0.8687 (Xu et al., 2009)
NPip 1.0787
BrO; UV 254 nm only, pH 7; 0.05 (0.038) (Jung et al., 2014)
UV 254 nm/ Na,SO;3 (7.8
mg L), pH 7
BrO; UV 200-600 nm only, pH 7; 0.017 (0.056) (Jung et al., 2014)
UV 200-600 nm/ Na,SO3
(7.8mg L™, pH7
CIH,CCN ®5,= 0.2 x 10°°
CLHCCN UV 185nmand UV 254nm  ®,,=0.38x10°  (Kiattisaksiri et al.,
CI,CCN ®,5,= 0.58 x 107 2016)
Br,HCCN Do5s= 0.028

a. Dashes denote that no reaction was observed;

b. The values in the bracket represent the pseudo-first-order rate constants obtained in the
UV/H,0, process;

¢. NDMA: N-Nitrosodimethylamine;
Nitrosopiperidine.

Npyr:  N-Nitrosopyrrolidine;  Npip:  N-
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CHAPTER 3 Materials and methods

3.1 Reagents and sample preparation

Dichloroiodomethane (CHCI,l, 95+%), chlorobromoiodomethane (CHCIBrI,
95+%), dibromoiodomethane (CHBr,l, 90-95%), chlorodiiodomethane (CHCII,,
90-95%), and bromodiiodomethane (CHBrl,, 95+%), iodochloroacetic acid
(ICICHCO,H, 99+%), iodobromoacetic acid (IBrCHCO,H, 90+%), and
diiodoacetic acid (I,CHCO;H, 95+%) were purchased from Cansyn Chemical Corp
(Canada). lodoform (CHlI3, 99%), bromoform (CHBr;, 97%), nitrobenzene (NB,
>99%), p-nitrobenzoic acid (pNBA, 98%), p-chlorobenzoic acid (pCBA, 99%), and
m-toluic acid (mTA, 99%) were purchased from Sigma-Aldrich (Singapore). HPLC
grade methanol was purchased from Merck (Singapore). lodoacetic acid
(ICH,COzH, 99%), Na,S,0g (99%), and H,0, (35% w/w aqueous solution) were
purchased from Alfa Aesar (Singapore). Synthetic solution for UV direct photolysis
and UV-based advanced oxidation were prepared using deionized (DI) water
(Millipore, USA). For quantitative chromatographic analysis, stock standard
solutions were prepared in methanol by weighing approximately 10 mg of
individual neat I-THMs and iodoacids into a 10-mL volumetric flask and diluting to
volume. The secondary standard solutions were prepared by dilution of the primary
standard to 100 pug L™, 10 mg L™, and 100 mg L™, respectively.

3.2 Chemical analysis

3.2.1 Analytical method for determination of I-THMs

A reliable and sensitive method for analysis of I-THMs at ng L™ level in water
sample was developed using automatic purge-and-trap (P&T) extraction (Tekmar,
Atomx) coupled with GC (Agilent, 6890A)/MS (Agilent, 5973C). Water sample
was heated at 65 °C in P&T in order to improve the sensitivity of I-THMSs. Trap #1,
Tenax was used as the sorbent material. A DB-624 column (J&W) with helium as
carrier gas was used. The oven temperature program was as follows: 45 °C for 2
min, then increased at a rate of 10 °C/min to 100 °C, held at 100 °C for 2 min, then
ramped up to 200 °C at 5 °C/min, to 250 at 20 °C/min, and held at 250 °C for 5 min.
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1,2-dibromopropane was used as an internal standard (IS). GC spectrum of 6 I-

THM and IS was displayed in Figure 3.1.

30000 -
© CHCL,I
o CHCIBrl CHClI,
©
20000 -
o CHBr,l
c
o
o CHBrl,
Q
o 10000 - IS CHI;
0 /L 1 1
7 12 22 27

Retention time (min)

Figure 3.1 Gas Chromatography of 6 I-THMs and internal standard (1,2-

dibromopropane) obtained by P&T-GC/MS in SIM mode.

Selective ion monitoring (SIM) mode was operated in MS for quantitative analysis

of I-THMs. The selected ions for quantitative analysis and some related physico-

chemical properties of 6 I-THMs were presented in Table 3.1. In order to evaluate

the accuracy of the developed P&T-GC/MS method for quantitative analysis of |-

THMs, the linearity, repeatability, reproducibility, and limit of quantification were

determined and presented in Table 3.2.

Table 3.1 Selected ions for quantification and related physico-chemical properties

of 6 L. THMs

Species MW b.p. °C)  logKy, H° Selected ions

CHCI,l 210.8 139 2.78 0.50 82.9% 84.9,126.9,174.8

CHCIBIrI 254.0 172 2.99 0.30 126.9% 128.8, 130.8,174.8

CHBr,l 299.7 189 3.20 0.25 126.9, 170.8, 172.8%, 174.8

CHCIl, 302.3 199 3.31 0.20 126.9, 174.8% 176.8, 301.6

CHBrl, 246.7 234 3.52 0.15 126.9, 139.9, 218.8%, 220.8
CHl; 393.7 218 3.83 0.10 126.9, 139.8, 266.8%, 393.7

IS 201.9  140-142 - - 121%123

a. Target ions for quantification, other ions used for confirmation; b. Calculated with the
Prolog P computer program; c. H: Henry’s Law constant (dimensionless); d. IS: 1,2-
dibromopropane; The physico-chemical properties of 6 I-THMs were cited from literature

(Cancho et al., 2000).
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Table 3.2 Validation data regarding linearity, repeatability, reproducibility and limit
of quantification (LOQ)

Species Linearity Coefficient 50ng L™ LOQ
range (ng L™)  determination(r’)  Recovery (%) RSD (%)°  (ngL™)
CHCLI 20-2000 0.997 86-118(11) 8 3
CHCIBrI 20-2000 0.994 88-108(7) 7 4
CHBrr,l 20-2000 0.998 91-113(8) 8 5
CHCIl, 20-2000 0.996 90-107(6) 6 3
CHBrl, 20-2000 0.999 89-110(8) 9 4
CHl; 20-2000 0.992 82-125(15) 10 6

a. Repeatability values (inter-day precision), expressed as relative standard deviation
(RSD), were given in brackets (n=7); b. Intra-day precision (n=7).

3.2.2 Analytical methods for determination of other targets

Micro liquid-liquid extraction with methyl tert-butyl ether (MTBE) at acidic
condition was adopted for extraction of iodoacids, and both NaCl and H,SO,4 were
added to water samples to improve the extraction efficiency. The extracted
iodoacids reacted with MeOH in the presence of H,SO4 at 50 °C for 2 h to produce
the corresponding methyl esters, which were then determined by GC (Agilent,
6890A)/ECD (Electron Capture Detector) according to U.S. EPA method 552. A
DB-225 column (J&W) with helium as carrier gas was used.
Brominated/chlorinated THMs were analyzed according to U.S. EPA method
8260C. Nitrobenzene (NB), p-nitrobenzoic acid (pNBA), p-chlorobenzoic acid
(pCBA), and m-toluic acid (mTA) were determined by HPLC with a photodiode

array detector (Agilent, 1100 serial). Br, I and 10; were detected by an ion

chromatography (IC) coupled with ICP-MS (Agilent, G3151A). Formic acid
(HCO,H), oxalic acid, CI-, and SO,* were analyzed by IC coupled with thermal
conductivity detector (Dionex, 1CS-3000). Formaldehyde (HCHO) was determined
by headspace sampler coupled with GC (Agilent, 7890A)/FID (Flame lonization
Detector). Total organic carbon (TOC) was analyzed by a TOC analyzer (Shimadzu,
TOC-Vcsh). UV absorption of I-THMs, iodoacids, and THMs were measured by a
UV/Vis spectrophotometer (Shimadzu, UV-2550). H,O, concentration was
measured by a WTW Photolab S12.
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3.3 UV Photoreactor

Photodegradation experiments were conducted in a 740 mL cylindrical glass reactor
filled with 740 mL of fresh I-THMs or iodoacids aqueous solution at room
temperature. A low-pressure mercury vapor lamp (nominal power 5W,
manufactured by Philips) primarily emitting irradiation at 254 nm was placed
coaxially with the reactor in a quartz sleeve (Figure 3.2). A small stir bar was

placed at the bottom of the reactor to ensure completely mixed batch conditions.

Electric source

Sampling point
UV lamp

Quats sleeve

/ Glass

Magnetic stlmrs/\\z e
—

‘ = @

Magnetic rotor

Figure 3.2 Schematic of the photoreactor used in this study.

3.4 Determination of the average photonic intensity per volume (l,)

and optical path length (b) of the photoreactor

Based on the Beer-Lambert Law and the definition of quantum yield, the overall

direct photolysis rate of the organic pollutant could be described as follows.

_ac

dt — @IO (1_ e—2.303SbC) (3 1)

Equation 3.1 can be simplified in two cases according to the value of the

exponential term as shown below (Beltran et al., 1995).
If2.303¢Ch > 2
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dc

_ = — ol 3.2
o o (3.2)

If 2.303eCh < 0.02
—‘Z—f = 2.303®1 cbC (3.3)

Equations 3.2 and 3.3 can be used to determine the average photonic intensity per
volume (I,) and optical path length (b) of the photoreactor, respectively. In this

study, hydrogen peroxide was used as the actinometer.

Direct photolysis of H,O, at a high concentration of 0.062 mol L™ was conducted to
determine the average photonic intensity per volume (I,) of the photoreactor.
Equation 3.2 indicates that direct photolysis of H,O, at a high concentration follows
zero-order Kinetics. Thus, a plot of Cs/C; versus irradiation time should lead to a
straight line with slope of ®I, as shown in Figure 3.3. The average photonic

intensity per volume (I,) was determined as 3.19 x 10°E L™ s™.

4
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©
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|®) 4
0.02 y = -3.19E-06x + 6.31E-02
R? = 9.98E-01
0 - ! '
0 5000 10000 15000

Time (second)

Figure 3.3 Determination of the average photonic intensity per volume (l,) of the
photoreactor used in the present study.

Direct photolysis of H,0, at a low concentration of 3.50 mg L™ was conducted to
determine the optical path length of the photoreactor. Equation 3.3 indicates that
direct photolysis of H,O, at a low concentration follows first-order kinetics. Thus, a
plot of —In(C«/C;) versus irradiation time should lead to a straight line with slope of
2.303®I,eb as shown in Figure 3.4. With the obtained ®, I,, and ¢, the optical path

length (b) was determined as 2.6 cm.
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Figure 3.4 Determination of optical path length (b) of the photoreactor used in the
present study.

3.5 Statistical analysis

To address experimental uncertainty, the statistical significance of the difference
between the obtained results was analyzed using One-Sample t-Test. The QSAR
models were established by simple and multiple linear regressions analysis in
Microsoft Excel 2010. The value of the regression coefficient, R? is used to
determine the goodness of fit of the linear relationship. In the QSAR modeling
study for direct photolysis of I-DBPs, logarithm of direct photolysis rate constant
(logkm) was selected as the dependent variable, while the bond strength (BS) of the
carbon-halogen bond to be broken in the rate-determining step, the electronic effect
constants (o), and the steric effect constants (Es) of all substituents to carbon centre

were selected as independent variables.
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CHAPTER 4. Photodegradation of I-THMs in aqueous
solution by UV254 irradiation

In the first part of this study, photolysis with germicidal UV254 nm was applied to
remove I-THMs, since carbon-halogen bonds could be photo-cleaved under UV254
irradiation (energy of C-I, C-Br, and C-Cl bonds are 209, 280, and 397 kJ mol™,
respectively, which are lower than photon energy of 472 kJ mol™ for UV254)
(Weast et al., 1986; Jones and Carpenter, 2005) and there are evident UV
absorption of I-THMs (i.e., molar absorption coefficients of 6 I-THMs at UV254
range from 167 to 1131 M cm™). Direct photolysis of I-THMs and other THMs

was firstly investigated and compared. The effect of common matrix species such as
NO;, HA, HCO;, SO? , and CI" on the direct photolysis kinetics of I-THMs was

also evaluated. Subsequently, UV direct photolysis of I-THMs in different types of
water including DI water, treated water, surface water, and secondary effluent was
examined. Finally, a QSAR model was established based on the experimental
results of direct photolysis of I-THMs and brominated trihalomethanes (B-THMs).

4.1 Experiment details

Photodegradation of 6 I-THMs in the multi-species system (each at initial
concentration of 100 ug L™ in DI water under UV254 irradiation was conducted in
triplicate. For comparison, photodegradation of 6 I-THMs in the single-species
system (each at initial concentration of 100 pg L™) was conducted once under the
same conditions. Photodegradation of 6 I-THMs and 4 brominated/chlorinated
THMSs (CHCl3, CHCI,Br, CHCIBr,, and CHBIr3) in the multi-species system under
UV254 irradiation was also performed once. Aliquots were sampled at

predetermined time intervals and analyzed immediately by P&T-GC/MS.
4.2 Results and Discussion

4.2.1 UV absorbance

The efficiency of the photodegradation process of an organic pollutant is influenced
by its light absorption and quantum yield at the wavelength in question (Prados-
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Joya et al., 2011). To assess the applicability of photodegradation of I-THMs under
UV254 irradiation, molar absorption coefficients (¢) of I-THMs and THMs were
measured. The molar absorption coefficients of the non-chlorinated I-THMs
including CHIs, CHBrl, and CHBrl are very close, approximately 1100 M™* cm™,
and are higher than those of the chlorinated I-THMs (Table 4.1). In general, molar
absorption coefficients of I-THMs and THMs followed the order of CHI; =~ CHBrl,
=~ CHBr,l > CHCII, > CHBr; ~ CHCIBrl > CHCIBr, = CHCI,I > CHCI,Br >
CHCI3. The result suggests that the photodegradation of I-THMs under UV254
irradiation is viable due to their evident UV absorbances.

4.2.2 Direct photolysis of I-THMs in DI water: kinetic analysis

Direct photolysis of 6 I-THMs and 3 B-THMs followed the first-order Kinetics
(Figure 4.1). There is an insignificant difference in the degradation rate constants of
6 I-THMs obtained in the multi-species system and single-species system (Table
4.1). No change of concentration of 6 I-THMs in control solution at room
temperature was observed within 60 min. Additionally, experimental results
showed that pH (5 and 10) and the initial concentration of I-THMs (10-400 pg L™)
had no significant effect on the direct photolysis rates of I-THMs (Figure 4.2).
Thus, pH adjustment was not considered and the initial concentration of 100 pg L™
for each I-THM species was used in the subsequent investigations. The direct
photolysis rate constants of the non-chlorinated I-THMs (CHBr,l, CHBrl,, and
CHI3) are almost identical, which are higher than those of the chlorinated I-THMs
(CHCIl, CHCIBrl, and CHCIly) and the 3 B-THMs (Table 4.1). The direct
photolysis rate constant of CHCI;l is the lowest among 6 I-THMs. It was also
observed that the direct photolysis rate constants of CHCIBrl and CHCI,l are
comparable to those of CHBr; and CHCIBr,, respectively. Hence, it can be said
that I-THMs still become relatively recalcitrant to UV254 direct irradiation when
Cl atom is also present in the molecule. In general, the direct photolysis rates of I-
THMs and THMs followed the order of CHBr,I = CHBrl, = CHIz > CHCII, >
CHCIBrI = CHBr3 > CHCI,I = CHCIBr, > CHCI,Br > CHCI; (Table 4.1).
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Table 4.1 Summary of time-based first-order rate constant (k), fluence-based first-order rate constant (ks),
regression coefficient (R%), quantum yield (&), and removal percentages (Rzss) of 6 I-THMs and 4 THMs at
different treatment conditions in DI water

Compound  k (min™) k (min™) ke*10* R? € ®° % I-THMs and THMs removal
(Rasa)
(cm?mJ™h (Mtem?) 40 mJ cm’® 140 mJ cm’?
(single-species)  (multi-species) (multi-species) (multi-species) (multi-species)
CHCI,l 0.10 0.093(%0.009) 3.95(i0.39)b 0.997 167 0.50(x0.05) 1.56(+0.15) 5.41(x0.52)
CHCIBrl 0.27 0.26(x0.02)  11.21(x0.92) 0.993 423 0.54(x0.04) 4.38(z0.35) 14.61(x1.11)
CHCII, 0.36 0.36(x0.02)  15.32(x1.08) 0.989 604 0.52(x0.04) 5.94(z0.40) 19.42(1.23)
CHBr,l 0.58 0.58(x0.07)  24.75(x2.93) 0.992 1131 0.45(x0.05) 9.41(x1.07) 29.41(x2.97)
CHBrl, 0.53 0.52(x0.04) 22.26(x1.95) 0.990 1068 0.43(x0.04) 8.51(x0.71) 26.92(x2.02)
CHI; 0.52 0.51(x0.04) 21.84(x1.78) 0.988 1118 0.40(x0.03) 8.35(+0.65) 26.49(+1.86)
CHBr3 - 0.27(x0.03)  11.34(x1.30) 0.995 448 0.52(x0.06) 4.43(zx0.50) 14.78(x1.56)
CHCIBr, - 0.10 4.25 0.996 228.5 0.38 1.69 5.82
CHCI,Br - 0.02 0.85 0.991 42.3 0.48 0.34 1.19
CHCl; - - - - 0.1 - - -

a. H,O, as actinometer; b. Standard deviations were obtained from at least duplicate datasets; c.There was no observable loss of

CHCl; in this study within 60 min of experimental run.
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Figure 4.1 Linear plots for UV254 direct photolysis of 6 I-THMs; inset: linear plots
for UV254 direct photolysis of 4 THMs.
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Figure 4.2 Effect of pH (a) and initial concentration (b) on the direct photolysis of 6
I-THMs.
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4.2.3 Determination of quantum yield (®) of I-THMs

According to the Beer-Lambert Law and the definition of quantum vyield, the overall
direct photolysis rate of the organic pollutants could be described as follows (Fang
etal., 2013).

—‘i—f =®| (1-e23%P) 4.1
where C is the concentration of the specific organic pollutant in mol L™; dC/dt is
the photodegradation rate of the specific organic pollutant in mol L™ s™; @ is the
quantum yield at the wavelength in question in mol E™; ¢ is the molar absorption
coefficient at the wavelength in question in M cm™; I, is the average photonic
intensity per volume of the photoreactor used in this study in E L™s™; and b is the
optical path length in cm. When the UV absorbance of the organic pollutant (a =
eCb) is very low (i.e., 2.303eCb < 0.02), e >**" in Equation 4.1 can be simplified
as 1-2.303¢Cb through Taylor expansion. Additionally, as the photodegradation
follows the first-order kinetics (Equation 4.2), the determination of quantum yield
in the diluted solution under monochromatic wavelength irradiation can be written
as Equation 4.3 (Prados-Joya et al., 2011; Fang et al., 2013).

dc

T kC (4.2)
oo K (4.3)
2.303I eb

where K is the time-based first-order rate constant in s™.

As mentioned previously, using H,O, as an actinometer (Beltran et al., 1995), the
average photonic intensity per volume (I,) and effective optical path length (b) of

1
and

the photoreactor used in the this study were determined as 3.19 x 10°E L' s
2.6 cm, respectively, which correspond to the photon flux (qp) of 8.30 x 10° E cm™
s and UV intensity of 3.92 mW cm™. The derived quantum yields of 6 I-THMs
ranged from 0.37 to 0.58 (Table 4.1), which indicates a high efficiency of quantum

process in the I-THMs photodegradation under UV254 irradiation.
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With the known average photonic intensity per volume (l,) and optical path length
(b) for a specific configuration of photoreactor, it is obvious from Equation 4.3 that
the direct photolysis rate of the organic pollutant is proportional to quantum yield
(@) and molar absorption coefficient (¢), which are two fundamental parameters

that govern the direct photolysis rate (Figure 4.3).
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Figure 4.3 Correspondence between first-order rate constants (k) and the product of
molar absorption coefficients (¢) and quantum yield (®) for UV254 direct
photolysis of 6 I-THMs and 4 THMs.

Since fluence-based first-order rate constant (ks) is independent of the fluctuation in
photon flux (gp) of the UV lamp, it allows for direct comparison with the
photodegradation rate constants obtained with different photoreactors (Canonica et
al., 2008; Prados-Joya et al., 2011). For comparison purpose, ki values are
calculated through dividing the time-based first-order rate constant (k) by the
photon flux and photon energy emitted by the UV lamp according to Equation 4.4.
The obtained ks values for I-THMs were summarized in Table 4.1.

k
kK, =——— 4.4
" g,-hc/n (44)

where k; is the fluence-based first-order rate constant in cm? mJ™?; k is the time-
based first-order rate constant in s™; gp is the photon flux emitted by the lamp in E

cm?s™: he/A is the photon energy at a specific wavelength in kJ mol™.
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To assess the applicability of UV254 irradiation in I-THMs photodegradation in
real water treatment process, the removal efficiency of I-THMs were determined
under a specific UV dose. The irradiation doses of 40 and 140 mJ cm™ are chosen
because they define typical range used in disinfection application (Baeza and
Knappe, 2011). As the UV intensity of the present lamp is ~ 3.92 mW cm?, the
time required to reach the irradiation doses of 40 and 140 mJ cm™ are 10.2 and 35.7
s, respectively. The removal percentage of I-THMs (Rzs4) can be calculated

according to Equation 4.5.
Ros, = (1_e_kt)% (4.5)

As seen from Table 4.1, Rys4 of 6 I-THMs at UV doses of 40 and 140 mJ cm™ are
less than 10 and 30%, respectively. Although I-THMs are susceptible to
photodegradation under UV254 irradiation with first-order rate constants in the
range of 0.1-0.6 min™ (half-life times of 1 to 8 min), UV dose for disinfection in
real water treatment process is still impractical for a significant removal of I-THMs.
Thus, a higher irradiation dose (934-5824 mJ cm™ for 90% removal of 6 I-THMS)
than the usual dose for UV disinfection or a UV-based AOP is required to

significantly photodegrade I-THMs.

4.2.4 Photodegradation end-products identification

A previous study has shown that the life times of CHBr3 intermediate photoproducts
in water were in picoseconds and special equipment (like Picosecond Time-
Resolved Resonance Raman (ps-TR®) Spectroscopy) was required to identify them
(Kwok et al., 2004). In the present study, through identification of the end-products,
the possible direct photolysis pathway of I-THMs could be identified. The
photodegradation end-products in this study were ClI", Br~, and I (Figure 4.4).

There was a good mass balance between total amount of produced halides and the

introduced halogens in I-THMs (i.e., 92-109% recovery). No formation of CIO;,

BrO;, and 10; was observed. Additionally, TOC decreased concomitantly during
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the photodegradation process (Figure 4.4), indicating that the I-THMs could be
mineralized via UV254 direct photolysis. However, it is worth mentioning that the
HCO,H is also identified as the end-product, which was also reported in the
previous study regarding direct photolysis of CHBr; (Kwok et al., 2004). HCO,H
increased slightly during the photodegradation process and reached 40 pg L™ at the
end (Figure 4.4), which accounts for less than 5% of TOC concentration initially
spiked in the reaction solution. It suggests that HCO,H is the minor end-product in
the direct photolysis of I-THMs. Moreover, formaldehyde (HCHO) was not
detected during the photodegradation process.
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Figure 4.4 Time course of halide formation during direct photolysis of 6 I-THMs
(CHCI,l, CHCIBrl, CHBryl, CHCII,, CHBrl,, and CHIs, each at initial
concentration of 200 pg L™); inset: Time course of TOC reduction, CHI5 reduction
and HCO,H formation during direct photolysis of CHI; (initial concentration
around 10 mg L™).

According to previous studies, UV240 nm could cleave the primary C-Br bond of
CHBr3, but the photon energy was insufficient to induce secondary dissociation of
the CHBIr; radical formed (McGivern et al., 2000; Kwok et al., 2004). In the present
study, the energy of UV254 photon (472 kJ mol™) is higher than those of C-X
bonds (209, 280, and 397 kJ mol™ for C-1, C-Br, and C-Cl, respectively) (Weast et
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al., 1986). Homolytic photo-cleavage of C-I bond upon UV254 absorption could be
the first step of I-THMs photolysis. As described in the section 4.2.3, the direct
photolysis rate constants of I-THMs are proportional to their corresponding molar
absorption coefficients and quantumn yield. It suggests that the first-step reaction
(photo-cleavage of C-1 bond) is the rate-determining step for direct photolysis of I-
THMs. Isobromoform (BrCHBr-Br) has been previously identified as the
intermediate in the second step of CHBr3; photodegradation, and subsequently a
water-catalyzed mechanism proceeds to transform isobromoform into its following
intermediates which will react with water molecule through OH insertion/HBr
elimination resulting in complete conversion to HBr, CO (major product) and
HCO,H (minor product) (Kwok et al., 2004). Thus, in the present study, photo-
cleavage of C-1 bond by UV254 followed by a series of water-catalyzed reactions

might be the possible photodegradation pathway for I-THMs in water.
4.2.5 Direct photolysis of I-THMs in the presence of matrix species

Further investigation was performed to evaluate the effects of common matrix
species including NO, , HA, HCO;, SOf{, and Cl" on the direct photolysis of 6 I-

THMs. In the following discussion, the degradation rates of each I-THM under
different conditions are compared to those observed under the reference condition
(DI water, initial concentration of 100 ug L™, and pH around 5). When the p value
is less than 0.01 in One-Sample t-Test, it suggests that the direct photolysis rate
constant of the I-THM species under the specific condition is significantly different

from that obtained under the reference condition.

The direct photolysis rate constant of CHCI,I in the presence of 5 mg L™ NO; is
comparable to that obtained in DI water (Figure 4.5(a)). However, when the
concentration of NO, was increased from 20 to 200 mg L™, the degradation rate of
CHCI,l increased correspondingly. The degradation rate constant of CHCI,I reaches

0.31 min™ in the presence of 200 mg L™ NO;, which is 3 times higher than that

obtained in DI water. However, NO, had much less influence on the

photodegradation of the other 5 I-THMs which are highly susceptible to UV254
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photolysis compared to CHCI,l (Table 4.1). The direct photolysis rate constants of
the 5 I-THMs increased by less than one-fold as compared to those observed in DI

water even the concentration of NO; was increased to 200 mg L™.

It is reported that some chemicals such as salicylic acid and benzoic acid are
employed as molecular probe for trapping HO to form the stable and quantifiable
products (Jankowski et al., 2000; Yang et al., 2004; Wu et al., 2007b). On the basis
of this methodology, some studies demonstrated that direct photolysis of NO,
under UV irradiation could generate HO (Yang et al., 2004; Boucheloukh et al.,
2012; Ji et al., 2012). Indeed, the formation of HO in the UV direct photolysis of
NO; follows a complex pathway. The primary reactions in NO, photolysis are the
generation of the radical anion O~ and nitrite ion, which continues to produce the
radical anion O~ under UV irradiation. Subsequently, the radical anion O is
rapidly reacting with water molecule to form the highly reactive HO . Generally, the
reaction pathway for generation of HO via direct photolysis of NO, can be

simplified as follows (Keen et al., 2012).

NO; +hv — NO, + O™ (4.6)
- 21
NO; +hv — NO; + EOZ (4.7)
NO,+hv— NO +O™ (4.8)
O~ +H,0 > HO +HO" (4.9)
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Figure 4.5 (a). Effect of NaNOj3 on the direct photolysis of 6 I-THMs, asterisk (*)
represents p < 0.01, which implies that the k value is significantly different from the
k values obtained in DI water; (b). Effect of HA on the direct photolysis of 6 I-
THMs; (c). Effect of NaHCO3, Na,SO4, and NaCl on the direct photolysis of 6 I-
THMSs; Error bars denote standard deviations obtained from at least duplicate
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However, due to weak UV254 absorption of NO, (Figure 4.6), HO was generated

at a low quantum vyield (Mack and Bolton, 1999; Keen et al., 2012). This can
explain why the photodegradation rate of the 5 I-THMs (CHCIBrl, CHBr,l, CHCII,,

CHBrly, and CHIs) only increased slightly in the presence of NO; in this study.
Additionally, it is believed that the main reason for the more significant effect of
NO; -induced indirect photolysis of CHCI,l is that the efficiency of its direct
photolysis is low (i.e., its k value is 3 to 6 times lower than those of other 5 species).
In other words, the effect of indirect photolysis due to HO" attack in the presence of

NO, for other 5 species is possibly masked by their efficient direct photolysis.
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Figure 4.6 (a). Absorbance of NaNOs;, HA, NaHCOj3;, Na,SO,4, and NaCl in DI
water at the concentrations used in this study in the range of 220 to 300 nm; (b).
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Absorbance of NaNO;, HA, NaHCO;, Na;SO4, and NaCl in DI water at the
concentrations used in this study in the range of 250 to 260 nm.

It has been reported that natural organic matter (NOM) present in water has two
opposite effects on photodegradation of the organic pollutants (De la Cruz et al.,
2012). On the one hand, it can inhibit the direct photolysis due to inner filtering of
UV light by NOM. On the other hand, with exposure to UV irradiation, a
photosensitizer present in NOM can be promoted to its reactive triplet state
((NOM*) or singlet state (‘“NOM®*), which can react with the organic pollutant (De
la Cruz et al., 2012; Marin et al., 2012). Moreover, NOM* also can react with
molecular oxygen present in water to generate singlet molecular oxygen, 'O, that
will subsequently attack the organic pollutant (De la Cruz et al., 2012). In the latter
case, the formation of reactive oxygen species (ROS, e.g. *NOM*, ‘NOM*, and
'0,) leads to increase of the photodegradation rate of the organic pollutant. In this
study, humic acid (HA) was selected as a matrix species to investigate the effect of
NOM on I-THMs photodegradation, as HA is considered as the main component of
NOM (Prados-Joya et al., 2011). HA consists of a great number of aromatic rings
and oxygen-related functional groups, which could strongly absorb UV light
(Steelink, 2002). Experimental results showed that the photodegradation rates of 6
I-THMs decreased with increasing HA from 1 to 20 mg L™ (Figure 4.5(b)). The
presence of HA significantly reduced the photodegradation rates of 6 I-THMs to the
same extent. This result suggests that filtering and screening of UV light by HA
reduces the fraction of UV light absorbed by I-THMSs, which results in the decease
of the photodegradation rates of I-THMs. In other words, indirect photolysis in the
presence of a photosensitizer such as HA could be less significant than the
competitive UV absorption effect for I-THMs photodecay.

In contrast, when HCO;, SO, or CI was spiked into the reaction solution, the

phenomenon of filtering and screening of UV254 light as well as the ROS attacking

of I-THMs was not observed, because these 3 anions at the concentration of 100 mg
Lt have no UV254 absorbance (Figure 4.6). As such, HCO,, SOi‘, and Cl had no

statistically significant effect on the photodegradation kinetics of I-THMs (Figure
4.5(c)).
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4.2.6 Direct photolysis of I-THMs in different types of water

The viability of UV254 irradiation to photodegrade I-THMs in different types of
water including DI water, surface water (SW), treated water (TW, collected from a
water treatment plant, Singapore), and secondary effluent (SE, collected from a
wastewater treatment plant, Singapore) was also evaluated. The characteristics of

the water samples used are presented in Table 4.2.

Table 4.2 Characteristics of different types of water used in this study

Water  pH  Turbidity TOCb To_ta_l C NO, ° o Cl®
(NTU) (as C) alkalinity’
DI 6.0 <0.1° 0.080 <5 <0.05 <0.045 <5
SW 6.4 100 2.40 8 3.38 4.14 9
TW 8.0 0.22 0.79 13 3.20 21.6 10
SE 6.7 5.3 9.70 36 45.2 45.1 86

a. It represents that the result is below detection limit; b. unit: mg L™; c. as CaCO:s.

The degradation rates of 6 I-THMs in the surface water and secondary effluent
decreased dramatically, while their degradation rates in the treated water were

comparable to those obtained in DI water (Figure 4.7). According to the preceding
discussion, the effect of pH, HCO;,, SOi’ ,ClI" and NO; with concentration less

than 5 mg L™ on I-THMs photodegradation could be excluded in the study using
real water sample as water matrix. The reduction of photodegradation rates in
surface water could be mainly attributed to its high turbidity which shielded target
[-THMs from UV254 irradiation. Although the concentration of NO; in the
secondary effluent was very high (45.2 mg L), the increase of photodegradation

rate of I-THMs was not evident, as high concentration of HO  scavengers such as
HCO, and NOM were also present in the secondary effluent (Table 4.2). On the

other hand, high concentration of NOM present in the secondary effluent led to the
decrease of photodegradation rates of I-THMs due to competitive absorption of
UV254 irradiation by NOM. It suggested that direct photolysis was still the
predominant mechanism for I-THMs photodegradation in the real water samples

but the indirect photolysis due to generation of ROS was not evident. It can be said
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that UV photolysis is more suitable as a post-treatment after filtration to control I-

THMs.
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Figure 4.7 Effect of different types of water on photodegradation of 6 I-THMs (TW:
treated water, SW: surface water, SE: secondary effluent). Error bars denote
standard deviations obtained from at least triplicate datasets.

4.2.7 QSAR modeling

Quantitative structure-activity relationship (QSAR) is often used to explore the
relationship between chemical structures and biological or chemical activity of the
compounds studied. In QSAR application, it is assumed that the reactivity
differences of similar compounds are due to the type, number, as well as the steric
and electronic effects of their functional groups (Chen et al., 2010). An empirical

equation is usually used to describe the QSAR model as follows.

P= ijDij +Db (410)
T

1l
-

where P is the property of interest such as first-order rate constant, quantum yield
etc.; a;j and b are the constants obtained from simple and multiple linear regression;
Dj; are the molecular descriptors characterizing the structure of the compounds
studied (Dyekjear and Jonsdattir, 2004; loele et al., 2009).

To derive a QSAR model for direct photolysis of I-THMs and B-THMs, the

logarithm of measured first-order rate constants (logkn,) are correlated with a
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number of molecular descriptors by simple and multiple linear regressions analysis.
km is selected as the dependent variable as it is related to the chemical structure of
the compound studied and can be regarded as an indicator to compare chemical
reactivity of a serial of structurally similar compounds under a specific reaction
condition. 3 molecular descriptors are selected as the independent variables since
they give an indication of the bond to be broken, steric and electronic effect of the
substituents that determine the chemical reactivity of the compound studied. These
3 molecular descriptors include the bond strength (BS) of the carbon-halogen bond
to be broken in the rate-determining step, the summation of the electronic effect
constants (o), and the summation of the steric effect constants (Es) of all
substituents to carbon centre. The combined effects of multiple halides in a halo-
organic are assumed to be the summative effects of individual halides in it (Zhang
and Minear, 2002; Chen et al., 2010).Values of BS, o, and Es of 6 I-THMs and 3 B-
THMs used to establish the QSAR model are presented in Table 4.3.

Table 4.3 Values of molecular descriptors used in this study for establishing the
QSAR models and experimentally measured logkny, predicted logk, by QSAR
model 7, as well as the difference between logky, and logk,, A

Species BS® E, 6’ logki, logk, A
CHCIL,Br 280 -3.08 1.36 ~1.699 ~1.576 0.123
CHCIBr, 280 -3.28 1.31 -0.998 ~1.130 0.132
CHBr; 280 ~3.48 1.26 -0.569 -0.684 0.115
CHCL,I 209 -3.32 1.32 -1.027 ~1.084 0.057
CHCIBrI 209 ~3.52 1.27 -0.585 -0.638 0.053
CHBT,! 209 -3.72 1.22 -0.237 -0.192 0.045
CHCIl, 209 -3.76 1.23 —0.444 —0.679 0.235
CHBrl, 209 -3.96 1.18 -0.284 -0.233 0.051
CHl;4 209 —4.20 1.14 —0.292 —0.274 0.019

a. Bond strength of C-X bonds to be broken in the rate-determining step were cited from
literature (Weast et al., 1986); b. E; and o values of halogen atoms were cited from
literature (Hansch and Leo, 1995);

The results of a number of correlations between logky, and individual BS, o, Es, as
well as the combinations of these molecular descriptors are summarized in Table
4.4. The value of the regression coefficient, R? is used to determine the degree of
correlation between these descriptors and logky,. For simple linear regression case,
each of these 3 molecular descriptors is used separately. R® values obtained are

0.40, 0.74, and 0.80 for BS, Es, and o, respectively. For multiple linear regression
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case, when any 2 molecular descriptors are correlated with logky,, there is no
significant improvement in the correlation and R? values are still below 0.84 for all
cases. The best correlation is obtained when a combination of these 3 descriptors
(BS, o, and E) is used, with R? = 0.95 (model 7 in Table 4.4). In addition, F test in
the multiple linear regression analysis shows that all coefficients in the QSAR
model 7 are significant at the 95% confidence level. It suggests that these 3
molecular descriptors have a combined effect on the direct photolysis of I-THMs
and B-THMs.

Table 4.4 Correlations of the logarithm of the measured first-order rate constant
(logkm) with a number of molecular descriptors

Item Model R’
1 logk,, =-0.0086BS + 1.32 0.40
2 logky, =-1.17E,— 4.89 0.74
3 logky, =—6.13c + 7.02 0.80
4 logky, =-0.0016BS — 1.07E; — 4.15 0.76
5 logk,, = -0.0020BS - 5.50c6 + 6.67 0.81
6 logky, = 1.88E; — 15.66 + 25.6 0.84
7 logky, =—0.0075BS + 4.97E; — 28.86 + 55 0.95

QSAR model 7 (Table 4.4) is in turn used to predict the direct photolysis rate of I-
THMs and B-THMs. The QSAR-predicted logk,, experimentally measured logkpm,
as well as the difference between logkny and logk, (A) are presented in Table 4.3.
The correspondence between logkm, and logk, is also displayed in Figure 4.8.
Generally, QSAR-predicted values agree with the experimental results, except for
CHCII, which shows 0.235-log relative standard deviation. Additionally, the
predicted first-order rate constant of CHCl; by the QSAR model 7 is 0.0013 min™,
which corresponds to half-time of 9 hours. It indicates that CHCI3 is more stable
than I-THMs under UV254 irradiation, because the life-time of 6 I-THMs is in the
range of 1 to 8 min. However, there was no observable loss of CHCI; in this study
within 60 min of experimental run. The deviation suggests that further research is
needed to explore more parameters to give a better description of I-THMs and

THMs photodegradation process.
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Figure 4.8 Correspondence between experimentally measured logky, and predicted
logk, values by QSAR model 7 for 6 I-THMs and 3 B-THMs.

4.3 Conclusion

UV254 direct photolysis of I-THMs followed the first-order kinetics with rate
constants in the range of 0.1-0.6 min™. The quantum yields of 6 I-THMs ranged
from 0.37 to 0.58, when H,O, was used as an actinometer. It was observed that I-
THMs could be mineralized with release of halides. Experimental results also

showed that NO; had a slightly positive effect on the photodegradation Kinetics

possibly due to generation of HO at a low quantum yield via direct photolysis of

NO;, while HA reduced the photodegradation rates due to its competitive UV

absorption. In contrast, HCO;, SO%, and CI had no significant effect on I-THMs

photodegradation, as these 3 species have no UV254 absorption. Based on the
above investigation of matrix species effect, it could be deduced that the decrease of
photodegradation rate of 6 I-THMs in surface water and secondary effluent are
mainly attributed to high turbidity and NOM, respectively. Additionally, it is
determined that the removal efficiency of the direct photolysis of 6 I-THMs at a
disinfection dose of 140 mJ cm™ is less than 30%. Finally, a good QSAR model
with R? = 0.95 was established based on the correlation between logk, and the

combination of 3 molecular descriptors, namely bond strength (BS) of the carbon-
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halogen bond to be broken, the electronic effect (o) and the steric effect (Es) of all
substituents to carbon centre. It suggests that these 3 parameters have a significant

combined effect on the overall direct photolysis of I-THMs and B-THMs.
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CHAPTER 5 Kinetic modeling and energy efficiency of
UV/H,0, treatment of I-THMs

As discussed in the first part of this study, UV direct irradiation at a dose of 140 mJ
cm for disinfection is insufficient to significantly degrade I-THMSs. Thus, in the
second part of this study, photodegradation of I-THMs by the UV/H,0O, process was
extensively investigated for its process Kinetics, degradation products and energy
efficiency. CHCI;l and CHI3 commonly detected in drinking water were selected as
the model compounds. CHCI,l is the most recalcitrant to UV254 direct photolysis
as shown in the first part of this study (chapter 4), while CHI3 is the most cytotoxic

among 6 I-THMs (Richardson et al., 2008). The impact of some operational

variables such as pH, H,0, dose, and matrix species such as HA, HCO; ,SO; ™, CI',
NO; on the photodegradation kinetics were evaluated. The parameters including

pseudo-first-order rate constants, second-order rate constants of HO reacting with
I-THMs, UV absorbance of the reaction solution were determined to characterize
the photodegradation process. A steady-state kinetic model was established to
predict the destruction of I-THMs in different types of water. Furthermore, in order
to provide the requisite data for process scale-up, economic analysis, and energetic
comparison with other treatment technologies such as ozonation and other AOPs,
electrical energy per order (EE/O) was calculated to evaluate the efficiency of the
UV/H,0, process and to determine the optimal H,O, dose. Finally, the end-
products of I-THMs degradation by the UV/H,O, process were identified.

5.1 Experimental details

Photodegradation of the individual CHCI;I and CHI3 by UV/H,0, were conducted
in two separate series of experiments. The UV/H,O, advanced oxidation
experiments were conducted using different types of water with addition of H,0,
and pH adjustment before exposure to UV irradiation. The water matrices used in
this study included DI water, laboratory synthesized water (LSW), and surface
water (SW). The typical doses of H,O, used were 2, 6, and 15 mg L™ or otherwise
indicated. The initial pH of the reaction solution was adjusted to 7 (3 or 11) by 0.1
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mol L™ H,SO4 and NaOH solution. The initial concentration of the individual I-
THM (CHl; or CHCI,l) in the UV/H,0, process was 0.5 pmol L™ or otherwise
indicated. A competition kinetic approach was used to determine the second-order
rate constants of I-THMs reacting with HO using p-xylene as the reference
compound. The initial concentrations of the individual I-THM (CHI3 or CHCI,l), p-
xylene, and H,0, in DI water were 0.5 pmol L™, 0.5 pmol L*, and 58.8 umol L,
respectively. As a base-line study, UV direct photolysis of reaction solution
containing individual I-THMs including CHCI;I and CHI; in DI water was
evaluated at different UV doses to determine the direct photolysis rate constant.
Aliquots were sampled at predetermined time intervals and analyzed immediately
by P&T-GC/MS.

5.2 Results and discussion

Both CHCI,l and CHI3 photodegradation in the UV/H,0O, process followed the
pseudo-first-order kinetics (Figure 5.1). The degradation rates increased
dramatically in the UV/H,0, process due to generation of HO', as compared to
direct photolysis. Without UV irradiation, there was no reduction of CHCI,l and
CHI3 concentration in the presence of 6 mg L™ H,O, over 60 min in a control
experiment (Figure 5.1). Apparently, CHCI,I and CHI; can be removed effectively
by UV/H,0,, due to a combined effect of HO -assisted indirect photolysis and
direct photolysis, rather than direct oxidation by H,0,.

The indirect photolysis can be affected by many factors including pH, H,O, dose,
matrix species in water (Crittenden et al., 2012) etc. Therefore, these factors were
further investigated in order to holistically evaluate the efficiency of I-THMs

photodegradation under different conditions.
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Figure 5.1 Linear plot for degradation of CHCI,I (a) and CHI3 (b) under different
treatment conditions (I-THMs: 0.5 umol L™?).

5.2.1 Effect of pH

The effect of pH on CHCI,I and CHI; photodegradation was studied by conducting
experiment at pH 3, 7 and 11. The degradation rate at pH 3 was slightly higher than

that at pH 7, possibly due to a higher redox potential of HO/H,O at pH 3. For
example, according to Equation 5.1 (derived from Nernst equation), the redox

potential of HO/H,0 at pH 3, 7, and 11 are 2.62, 2.39, and 2.15 V, respectively (for
E° =2.80V).

HO'/H,0
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E, =E

0
HO'/H,0

—0.059pH

(5.1)

On the other hand, the degradation rate at pH 11 decreased dramatically, as

compared to that at pH 7 (Figure 5.2). The major cause for this reduction should be

HO' scavenging by hydroperoxide anion (HO; ). As pKj is 11.8 for H,0,/HO; , an

alkaline condition is favorable for the generation of HO, in the UV/H,0O, process.

Although HO; can promote the formation of HO', it can also act as a strong

scavenger of HO and react with HO approximately 280 times faster than H,O,

(Table 5.1, reactions 2 and 3). Furthermore, the redox potential of HO/H,0O

decreases under an alkaline condition. Considering that most treatment processes

are operated at circumneutral condition, the reaction solution would be adjusted to

pH 7 in the following experiments.
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Figure 5.2 Effect of pH on the photodegradation kinetics of CHCI,l and CHI3 in DI
water (I-THMs: 0.5 pmol L™ H,02: 2.0 mg L™). Error bars denote standard
deviations obtained from at least duplicate datasets.
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Table 5.1 Relevant chemical reactions in the UV/H,0; process

Item  Reactions Rate constant Reference
(M*s?)
1 HO' + NOM —> product 25x10*L mg™s (Larson and Zepp, 1988)
! as organic
carbon
2 HO +H,0, > H,0+HO, 2.7x 10’ (Buxton et al., 1988)
3 HO' + HO, — HO™ +HO, 7.5 x 10° (Buxton et al., 1988)
4 HO +HO, »>H,0+0, 6.6 x 10° (Sehested et al., 1968)
5 HO +CO? —CO; +HO" 3.9 x 10° (Buxton et al., 1988)
6 HO' + HCO, —» CO; +H,0 8.5 x 10° (Buxton et al., 1988)
7 HO' + CHCI, I — product 8.0x 10° This study
8 HO' + CHI, — product 8.9 x 10° This study

5.2.2 Effect of initial dose of H,O,

The degradation rates of I-THMs including CHCI,I and CHI3 were also affected by
the concentration of H,O; in the UV/H,0, process. At a low concentration of H,0,,
the degradation rate of CHCI,I was limited (Figure 5.3), as only a small amount of
HO was generated. Nevertheless, the degradation rate of CHI3 was still relatively
high even at a low concentration of H,O, due to its effective direct photolysis. With
the increase of H,0, dose, the amount of HO increased correspondingly, which led
to the enhanced degradation rates of CHCI,l and CHIs;. However, the degradation
rates decreased slightly in the presence of excess of H,O, which could act as a
scavenger of HO and produce the less reactive radical, HO, (Table 5.1, reaction 2).
Additionally, H,O, at a high concentration can act as a competitive UV absorber
(screening effect) which reduces the direct photolysis rates of the organic pollutants
(Wu et al., 2007a).
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Figure 5.3 Effect of initial dose of H,O; on the photodegradation kinetics of CHCI,I
and CHls in DI water (I-THMs: 0.5 pmol L™; pH 7).

5.2.3 Effect of matrix species

Further investigation was conducted to evaluate the impact of matrix species on the
photodegradation rates in the UV/H,0, process. HCO;, SO, CI-, NO;, and HA

were selected as matrix species as they are commonly found in natural water

systems as well as wastewater.
As pKg = 6.3 and pKg, = 10.3 for H,CO,/HCO; /COZ system (Snoeyink and
Jenkins, 1980), the predominant species at pH 7 is HCO; . HO can react with

HCO, to produce less reactive species, CO, (Table 5.1, reaction 6). Thus, the

presence of HCO; had a negative effect on the photodegradation rates of CHCI:l

due to its strong scavenging effect (Figure 5.4(a)).

The redox potential of HO/H,O at pH 7 is almost similar to that of NO; / NO;,

while it is a bit lower than that of SO, /SO (Table 5.2). Thus, the scavenging
effect of HO by both SO?~ and NO; can be ignored. In the presence of SO~ from

1 to 4 mmol L™, the degradation rates of CHCI,I remained constant (Figure 5.4(a)).

However, in the presence of NO,, a slight increment of the degradation rate was
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observed. One possible reason for this improvement is that additional HO can be
produced at a low quantum yield via direct photolysis of NO, (Equation 5.2) (Keen

etal., 2012).

NO; +hv— NO, +0™ (5.2a)
0" +H,0 >HO +0OH" (5.2b)

Table 5.2 Relevant redox potentials of some radicals

Couple E/V Remark Reference
2.62 pH 3
HO /H,O 2.39 pH 7 Nernst equation
2.15 pH 11
CO; /COZ 1.50 - (Oppenlander, 2003)
CO; /HCOQO, 1.78 pH 7 (Medinas et al., 2007)
SO; /SO: 2.6-3.1 - (Eberson, 1982)
Cl/Cr 241 - (Huie et al., 1991)
NO; / NO; 2.30-2.60 - (Oppenlander, 2003)

The redox potential of CI/CI” is also similar to that of HO/H,O at pH 7 (Table 5.2).
It suggests that the scavenging effect of Cl" is limited. However, some previous
studies reported that CI- could react with HO to produce CIHO™, which could
protonate to produce HCIHO' under the acidic condition (Liao et al., 2001; Deng et
al., 2013; Yang et al., 2014). Subsequently, HCIHO would be further converted to
less reactive chlorine species such as CI'. In contrast, there was a backward reaction
(CIHO"— HO'+ CI") at pH > 7.2 (Liao et al., 2001; Deng et al., 2013; Yang et al.,
2014). It indicates that the scavenging effectiveness of CI is offset by the release
of HO' from the transient intermediate (CIHO ) under the basic condition (Deng et
al., 2013). The above phenomenon explains the observation that the
photodegradation rates of CHCI,lI at pH 7 were not affected in the presence of CI .
To check the reactivity of CI with I-THMs, photodegradation of CHCI,I by
UV/H,0, in the presence of 4 mmol L™ CI- at pH 3 was conducted. According to

the above explanation, CI could be generated under an acidic condition. The
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degradation rate of CHCI,| decreased obviously in the presence of 4 mmol L™ CI” at

pH 3, as compared to that obtained without CI”at pH 3 (Figure. 5.4(b)). It suggests

that CI reacts slowly with CHCI,I, as compared to HO". Based on the above results,

both H,SO4 and NaOH solutions (0.1 mol L) were selected to adjust the pH of

reaction solution in this study.
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Figure 5.4 (a). Effect of matrix species including NaHCO3, Na,SO,4, NaCl, NaNOs,
and HA on the photodegradation kinetics in DI water at pH 7; (b). Effect of CI™ on
the photodegradation kinetics in DI water at pH 3 and 7 (CHCll: 0.5 pmol L™;

H,0,: 2 mg L_l).

HA had a negative effect on the photodegradation rates. On the one hand, the
filtering of UV light by HA reduced the fraction of UV light absorbed by CHCI.I
and H,0,, which led to the reduced rate of direct photolysis. On the other hand, HA
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could act as a strong scavenger of HO™ (Crittenden et al., 1999). These two effects

resulted in a significant inhibition of the photodegradation of CHCI,l in the
presence of HA (Figure 5.4(a)).

5.2.4 Mathematical modeling of UV/H,0; process

The parameters such as quantum yield, molar absorption coefficient, second-order
rate constant, UV absorbance of the reaction solution, average photonic intensity
per volume (l,) and the optical path length (b) of the photoreactor etc. were
incorporated into a mathematical model to predict the impact of the matrix species
on CHCI;l and CHI; photodegradation in different types of water.

In the UV/H,0, process, the overall degradation involves both direct photolysis and
HO -assisted indirect photolysis (Rosenfeldt and Linden, 2004; Pereira et al., 2007).

-‘;_(t: — (K, +k,)C (5.3)

where kg is the pseudo-first-order rate constant of direct photolysis in s™; k; is the

pseudo-first-order rate constant of HO-assisted indirect photolysis in s™.

With the obtained ® and & of target compound as well as I, and b of the
photoreactor, direct photolysis rate of target compound in a water matrix
comprising various UV absorbers can be described by Equations 5.4 and 5.5
(Crittenden et al., 2012).

~2.303A
_d_c=cD|0f(l—e’2'3°3€bC)=<D|oMC (54)
dt A
Sb 1_e—2.303A
-, B0 559
k, =2.303®I b (5.6)

where f is the fraction of light absorbed by target compound; and A is the total UV

absorbance of the reaction solution (A=ZX., bC) . Equation 55 can be
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simplified to Equation 5.6 when UV absorbance of the reaction solution is low (i.e.,
2.303ebC < 0.02) (Beltran et al., 1995).

The indirect photolysis rate (k;) can be expressed as a function of the second-order
rate constant of target compound reacting with HO and the steady-state

concentration of HO  (Rosenfeldt and Linden, 2004; Pereira et al., 2007).

k =k C 5.7)

i HO' I-THM ~HO'

The experiments of competition Kkinetics were conducted to determine the second-
order rate constant of HO' reacting with CHCI,I and CHI3. p-xylene (kpo' = 7 x 10°
M™ s at pH 7) was chosen as the reference compound because it essentially does
not undergo direct photolysis (Buxton et al., 1988), and it is easy to be analyzed
together with target I-THMs by P&T-GC/MS. As described above, CHCI,l and
CHIs underwent considerable direct photolysis. Hence, such effect should be taken
into consideration in determining the second-order rate constant in the UV/H,0,
process. The degradation rates of I-THMs and p-xylene could be expressed by

Equations 5.8 and 5.9, respectively.

K =k C. . +k, (5.8)

obs, I-THM HO' I-THM ~ o'

k

obs,p—xylene = kHo' ,p—xyleneCHO' (59)

where Kobs, 1-THm and Kobs, p-xylene are the observed pseudo-first-order rate constants of
I-THM and p-xylene in the UV/H,0, process in s, respectively; Cyo- is the steady-
state concentration of HO in mol L™; and ky is the direct photolysis rate constant of

I-THMs in s™. Substituting Equation 5.9 into 5.8, kuo-, .t1m can be calculated as

follows:

k -k
obs,|I-THM d
HO' I-THM k kHO',p—xerne (5'10)
obs,p—xylene

The derived second-order rate constants of HO' reacting CHCI,1 and CHl3 are 8.0 x

10° and 8.9 x 10° M s, respectively (Table 5.1). Considering that the typical
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second-order rate constants of the organic compounds reacting with HO vary from
10° to 10" M™ s (Schwarzenbach et al., 1993), I-THMs appear to be the fast-

reacting compounds with HO'.

The steady-state concentration of HO can be estimated by a simplified pseudo-
steady-state method whereby the concentration of HO' is assumed constant (at the
respective initial concentration) over the reaction period. It can be calculated as the
ratio of the formation of HO to the consumption of HO according to Equation 5.11
(Rosenfeldt and Linden, 2004).

D, 1ofh o, (1—e>3%%)

= (5.11)
ZkHo',sCs

where ®po- is the quantum yield of the production of HO by the photolysis of H,0,
(assumed to be 1.0 mol E™) (Rosenfeldt and Linden, 2007); kuo- s is the second-
order rate constant of scavenger reacting with HO in M™ s (Table 5.1); Cs is the

concentration of scavenger in mol L™ and all of the components are assumed at
their constant concentrations over the reaction period; other terms are as defined

previously.

The predicted kinetics is compared with the experimental results for different types
of water in the present study. Firstly, the comparison was conducted using

laboratory synthesized water (LSW). As the exact composition in LSW is known,

this allows proper estimation of the steady-state concentration of HO as a function
of water quality. In this study, HA (DOC, 1 mg L) and HCO; (2 mmol L) were

spiked into DI water to prepare LSW as these two species had a significant effect on
the photodegradation kinetics of CHCI;l in the UV/H,0, process. The calculated
total scavenging factor (Xkyo- sCs) and the fraction of UV light absorbed by H,0,

are listed in Table 5.3. With the obtained parameters such as @, ¢, Iy, b, a, fu,0,, and

Ykuo- sCs, direct photolysis rate constant (kq) and HO-assisted indirect photolysis

rate constant (kj) could be determined according to Equations 5.5 and 5.7,
respectively. As shown in Table 5.3, for CHCI,l, indirect photolysis played a
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dominant role in its degradation and its rate increased significantly with increasing
H,O, concentration. For CHIj3, both direct and indirect photolysis were important in
its degradation at a low concentration of H,O, (i.e., 2 mg L™), while its indirect
photolysis becomes increasingly dominant with increasing H,O, concentration.
Because of the relatively high UV absorption capability of I-THMs and weak C-I
bond, it is essential to delineate the roles of indirect photolysis and direct photolysis
in the UV based-AOP. Through the kinetic model, the respective contributions from
the direct photolysis and HO -assisted indirect photolysis in the degradation of I-
THMs under different reaction conditions were determined. Therefore, the model
study could help to gain insights into the UV based-AOP and delineate the

respective reaction kinetics for CHCI,l & CHls.

In general, there is a good agreement between the kinetic model predicted first-
order rate constant (kp) and experimentally measured first-order rate constants (Km)
for both CHCI;I and CHI; (Figure 5.5(a)). These results again indicate that NOM,

alkalinity, and H,O, are the major scavengers of HO'.

NOM could be degraded as the UV254 doses increases, the composition of DOC
will change correspondingly. However, the steady-state concentration of HO' is
estimated based on the initial concentration of all components and is assumed to
remain virtually constant over the reaction period. In fact, the concentration of HO'
increases as the contribution of the dominant scavenger such as NOM is reduced.
This is one possible reason why the k, values are slightly smaller than the ky, values.
Additionally, measurement uncertainty such as the second-order rate constants for
I-THMs and pseudo-first-order rate constants could also contribute to the difference
between the predicted and the experimentally measured values. Even with these

uncertainties, the differences between the values of k, and ky, are less than 20%.
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Table 5.3 The parameters used for establishing kinetic model as well as the predicted (k,) and
experimentally measured rate constants (km)

Water Species H,0, pH TOC Total alkalinity  a (254 nm)° fuo, 2ZKuo'sCs Ky = kitkq Km
matrix (mg L™ (mgL") (as CaClo3, mg (cm™) x 100 x10™(sY) (min™) (min™)
L)

LSW? CHCI,l 2 7 1 200 0.0556 3.59 4.70 0.42=0.34+0.081 0.46
LSW CHCI,l 6 7 1 200 0.0610 8.19 5.07 0.83=0.75+0.080 0.92
LSW CHCI,l 15 7 1 200 0.0697 16.4 5.79 1.56=1.48+0.078 1.84
LSW CHlI; 2 7 1 200 0.0543 3.68 4.80 0.79=0.36+0.43 0.82
LSW CHlI; 6 7 1 200 0.0588 8.50 5.12 1.27=0.84+0.43 1.42
LSW CHl; 15 7 1 200 0.0661 17.3 5.84 2.06=1.64+0.42 2.28
SW° CHCI,l 2 7 3.9 8.70 0.0924 2.16 10.3 0.21=0.14+0.074 0.24
SW CHCI,l 6 7 3.9 8.70 0.0955 5.24 10.6 0.40=0.33+0.073 0.50
SW CHCI,l 15 7 3.9 8.70 0.1013 13.3 11.3 0.77=0.70+0.072 0.98
SW CHl; 2 7 3.9 8.70 0.0964 2.10 104 0.54=0.15+0.39 0.65
SW CHl, 6 7 3.9 8.70 0.0989 5.10 10.7 0.75=0.36+0.39 0.85
SW CHI, 15 7 3.9 8.70 0.1047 10.9 11.4 1.14=0.76+0.38 1.35

a. LSW: laboratory synthesized water;

b. a = absorptivity (¢C, cm™);
c. SW: surface water (CI: 24.5mg L™?, SO,”: 6.78 mg L™, NO; as N: 0.68 mg L™
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Figure 5.5 Comparison of experimentally measured (kq,) with the predicted pseudo-
first-order rate constants (k,) for CHxl and CHI3 in laboratory synthesized water (&)
and surface water (b) (I-THMs: 0.5 pmol L™; pH 7)

To further examine how accurate this established kinetic model is in predicting the
destruction of I-THMs in a natural water system, photodegradation of CHCI,I and
CHI3; by UV/H,0, in surface water (SW) that was used as the source water in a
waterworks in Singapore was conducted. Samples were filtered through 0.45 pm
filter to remove particles, and water quality parameters of the filtrate such as pH,
TOC, alkalinity, and UV254 absorbance are shown in Table 5.3. The degradation
rates of both CHCI,I and CHI3; in SW decreased significantly due to a stronger
combined negative effect of the aqueous matrix species as compared to that of LSW.
A good correlation between k, and ky, is also obtained for the case of reaction in

SW (Figure 5.5(b)). Generally, the kinetic model based on the pseudo-steady-state
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concentration of HO' is applicable to predict the destruction of I-THMs by the
UV/H,0, process in different types of water.

5.2.5 Photodegradation end-products identification

Both CHCI,1 and TOC decreased concomitantly as the UV dose increased (Figure
5.6). CHCI,l was completely degraded by UV/H,O, within 15 min with a
corresponding  TOC removal of 53%. Meanwhile, HCO,H was formed
concomitantly with TOC reduction and accounted for 37% of initial TOC at 15-min
reaction. There were still some unidentified organic species in the reaction solution,
which accounted for ~10 % of initial TOC. CI" and I~ were also identified as the
end-products and their amounts continued to increase with the reaction time. There

is a good mass balance (i.e., 95% recovery) between the produced halides and the

introduced halogens in CHCI,l. No CIO; was observed over the reaction period,

while trace level of 10; was detected and its amount was less than 2% of the total

liberated iodine species at the end of the reaction. Additionally, both formaldehyde

and oxalic acid were not detectable during the photodegradation process.

25
1, | —*=TOC/TOC —&— HCO.H as C/TOC,
—>—[CHCLI)/[CHCL,l]e —A—CI-
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Figure 5.6 Time course of CHCI.I reduction, TOC reduction, halide formation, and
HCO,H formation during photodegradation of CHCI,I by the UV/H,0, treatment.
(CHCI,l: 28 mg L™; H,0,: 45 mg L™)
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5.2.6 An economic analysis using EE/O concept

The electrical energy per order (EE/O) concept is applied to evaluate the efficiency
of the UV/H,0O, process and to determine the optimal H,O, dose at a given
condition. The EE/O (kWhmorder™) is defined as the electrical energy (kWh)
required to degrade the contaminants by one-order magnitude in m® of
contaminated water (Bolton and Cater, 1994). The figures-of-merit provide the
requisite reference for scale-up, economic analysis, and energy comparison with
other treatment technologies such as ozonation etc. The electrical energy of UV
lamp (EE/Oyy) and H,O, consumption (H,0,/O) per one-order magnitude of I-
THM removal in 1 m® water can be calculated according to Equations 5.12 and 5.13,
respectively. As the energy consumption for production of H,O, is 10.81 x 10°
kWhmg™ (Rosenfeldt et al., 2006), H,0,/O can be expressed in terms of equivalent
electric energy consumption (EE/Oy,0,). which has the same energy unit (kWhm’
Sorder™) as EE/Oyv (Equation 5.14). Thus, the total equivalent electrical energy
consumption (EE/Oyta) for the UV/H,0, process can be calculated using Equation
5.15.

Pt1000  38.4P

EE/O,, = (kWhm~order™) (5.12)
Viog(=-
og(Cf)
H,0,/0 = Crio, “order™
,0,/ O =—"2—(mgL "order™) (5.13)
log(—=*
g(Cf)
EE /Oy, =10.81x107°x H,0, /O (kWhm™order ™) (5.14)
EE/O,, =EE/O,+EE/O,, (KWhm~order™) (5.15)

where P is lamp power output in KW; t is the irradiation time in h; V is the reactor
volume in L; k is the predicted first-order rate constant (k) in min; C; is the initial
concentration of the target compound in mg L™; Cs is the final concentration of the
target compound in mg L™ Cy,o, is the concentration of H,O, in the reaction

solution in mg L™
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In this study, EE/Oyy, EE/On,0,, and EE/Oy are evaluated based on 90% of target
CHCI;l removal. As shown in the Figure 5.7(a), the required UV lamp energy
(EE/Oyv) decreased by increasing H,O, dose. At a low dose of H,O (i.e., < 10 mg
LY), EE/Oyy is the major contributor to EE/Oww, as indicated by
(EE/On,0,)/(EE/Oyv) < 1 (Figure 5.7(b)). In contrast, at a high dose of H,O,, the
required UV energy is very limited and EE/Oy,0, is the main component of EE/Oyota.
At a specific percentage of CHCI,l removal, the lowest EE/Oyy in different water
types of water follows the order of DI < LSW < SW (Figure 5.7(b)), and correspond
to 0.2, 0.31, and 0.45 kWhmorder™, respectively. They are 8-15 times lower than
the corresponding EE/Oyoa by UV direct photolysis (Table 5.4). The optimal H,0,
doses in DI, LSW, and SW for their lowest EE/Oyy are estimated at 5, 12, and 16
mg L™, respectively, which correspond to the H,0,: CHCI,I molar ratio of 294, 705,
and 941. The ratios of EE/Oy,0, versus EE/Oyy in DI, LSW, and SW at their
respective optimal H,O, doses are 0.38, 0.70, and 0.55, respectively. These results
further demonstrate the effect of different types of water on the process efficiency.
It is worth mentioning that energy consumption is mainly due to consumption of
H,O, and there is no significant difference in energy consumption for different
water matrices at a high dose of H,0, (Figure 5.7(b)). For example, at 120 mg L™
of H,0,, the EE/Oy,0, : EE/Oyy ratios for DI, LSW, and SW are 19, 17, and 15,
respectively, while EE/Oyy in these 3 types of water are almost the same which is
~1.3 kwWhmorder™. The energy efficiency decrease obviously at a high dose of
H,0, due to scavenging of HO by H,0,. Subsequently, additional treatment such as
GAC is required to remove the residual of H,O,, which leads to further increase of
the operating cost. Thus, it is very important to optimize the H,O, dose to improve

the energy efficiency of the whole process.
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Figure 5.7 (a). Plot of EE/Oyy, EE/On,0,, EE/O, and (EE/ Op,0,)/(EE/Oyv)
versus H,O, dose in DI water; (b). Plot of EE/Os and (EE/Ow,0,)/(EE/Oyy) versus
H,0, dose in DI water, LSW, and SW (CHClI,I: 0.5 umol L™; pH 7).

Table 5.4 Comparison of energy efficiency of UV and UV/H,0, removal of CHCI,I
in different types of water

uv UV/H,0,
Water Photolysis
matrix EE/Oya” Lowest Optimal Molar ratio (EE/On,0,)
EE/Otal H,0, dose® (H,0, : CHCI,1)? /(EE/Oy)
DI 2.95 0.20 5 294 0.38
LSW 3.56 0.31 12 705 0.70
SW 3.92 0.45 16 941 0.55

a. CHCI,I: 0.5 pumol L b. unit: kwhmorder™; c. unit: mg L™
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5.3 Conclusion

Both CHCI,I and CHI; underwent a fast photodegradation process in the UV/H,0,
process, due to synergistic effect of HO -assisted indirect photolysis and direct
photolysis. A fraction of CHCI,l could be completely mineralized within 15 min
and the remaining fraction was mainly converted to HCO,H. CI" and I~ were

identified as the predominant end-products. Some common matrix species including

HA, HCO;, NO;, SO and CI were added to study the interferences, which were

negative in the case of HA and HCO;, and positive for NO; . Both SO~ and CI- had

no significant effect on the photodegradation rate of CHCI,l and CHI;z in the
UV/H,0, process. A steady-state kinetic model was established to successfully
predict the destruction of I-THMs by the UV/H,0, process in different types of
water. The optimal H,O, doses in DI, LSW, and SW are estimated at 5, 12, and 16
mg L, respectively, which correspond to the lowest EE/Oyo 0f 0.2, 0.31, and 0.45
kWhm2order®. The EE/On,o,: EE/Oyy ratios for DI, LSW, and SW at their
respective optimal H,O, doses are 0.38, 0.70, and 0.55, respectively. These results

indicate the high efficiency of the UV/H,0; process for degrading I-THMs.
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CHAPTER 6 Comparative evaluation of iodoacids removal

by UV/H,0O, and UV/persulfate processes

In the final part of this study, degradation of iodoacids by UV, UV/H,0,, and
UV/PS (persulfate, S,0s%) was extensively investigated. Firstly, UV direct
photolysis of 4 iodoacids was examined. On this basis, a quantitative structure-
activity relationship (QSAR) model was established and applied to predict the direct
photolysis rates of 6 other commercially unavailable iodoacids. It is well known
that UV/H,O, process, one of the most common AOPs, has been extensively
studied and applied to remove recalcitrant organic pollutants in water and advanced
water treatment processes. Additionally, UV/PS process has been demonstrated to
remove some carboxylic acids effectively through decarboxylation by SO, . Thus,
UV/H,0, and UV/PS AOPs were applied to remove ICH,CO,H (IAA), the most
photo-recalcitrant and toxic species among all iodoacids. The degradation of IAA
by the UV/PS and UV/H,0, processes were compared in terms of the effect of pH,

oxidant dose, and matrix species such as HA and HCO; on its photodegradation

rate as well as the end-products and operating cost. Different types of water
including DI water, treated water, surface water and secondary effluent were used
as water matrix to further evaluate the effectiveness of these AOPs for IAA removal.
The respective contributions of UV, HO', and SO, for IAA removal in the UV/PS

process were also determined.
6.1 Experimental details

UV direct photolysis of 4 iodoacids (each at initial concentration of 300 pg L™) in
the multi-species system was conducted in DI water. UV/PS and UV/H,0,
treatment of IAA (1.5 umol L™) were conducted in two separate series of
experiments. The UV-based AOP experiments were conducted using different types
of water with addition of oxidant and pH adjustment before exposure to UV
irradiation. The water matrices used in this study included DI water, treated water
(TW), surface water (SW), and secondary effluent (SE). Since most water and

advanced water treatment processes in practice are operated at circumneutral
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condition, the reaction solution was adjusted to pH 7 by phosphate buffer solution
(5 mmol L™) in the present study unless otherwise stated. For other pH values (3, 5,
9, and 11), the pH adjustment was carried out using 0.1 mol L™ H,SO, or NaOH

solution.
6.2 Results and discussion

6.2.1 UV direct photolysis

Direct photolysis of 4 iodoacids followed the first-order kinetics (Figure 6.1). The
overall direct photolysis rate could be described by Equations 6.1 and 6.2, when the
UV absorbance of the reaction solution is very low (i.e., 2.303ebC < 0.02) (Beltran
etal., 1995).

—‘jj—(t: = 2.303®I, cbC =kC (6.1)

k = 2.303®l b (6.2)

where all of the terms are as defined previously.

The direct photolysis rates of 4 iodoacids follow the order of IAA < ICICHCO,H <
IBrCHCO;H < I,CHCO,H. The degradation rate constant of the most photo-
recalcitrant iodoacid, IAA is 0.057 min™, while the degradation rate constant of the
most photo-labile 1,CHCO,H is 0.71 min™. The molar absorption coefficients (c)
and the quantum yields (®) of the 4 iodoacids range from 389 to 1833 M™* cm™ and
0.13 to 0.34, respectively (Table 6.1). Apparently, the direct photolysis rates of
these 4 species should be proportional to the quantum yield (®) and molar
absorption coefficient (¢), which are two fundamental parameters that govern the

direct photolysis rate (Equation 6.2).
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Figure 6.1 Linear plots for UV direct photolysis of 4 iodoacids in DI water.

To evaluate the feasibility of UV irradiation alone (e.g., using the existing
disinfection system in waterworks) for degradation of iodoaicds, the removal
efficiencies of iodoacids were determined at a UV dose of 140 mJ cm™ which is
upper-bound value for disinfection (Baeza and Knappe, 2011). The removal
percentages of IAA, the most photo-recalcitrant species and 1,CHCO,H, the most
photo-labile species are 3.35% and 34.7%, respectively (Table 6.1). It suggests that
a higher UV dose (763-9502 mJ cm™ for 90% removal of the 4 iodoacids) than the
usual dose for disinfection or advanced oxidation processes (AOPs) should be

adopted to significantly remove iodoacids.

Table 6.1 Summary of molar absorption coefficient (g), first-order rate constant (k),
guantum yield (®), and removal percentages of 4 iodoacids through UV direct
photolysis in DI water

SpeCies € @25461 € q)254 k kf, 104 RZ R254
(Mem™) (min?)  (cm® mJ™h)° (140 mJ

cm?)

ICH,CO,H 389 0.13 51 0.057 2.43 0.994 3.35

ICICHCO,H 449 0.21 94 0.11 4.68 0.997 6.39

IBrCHCO,H 878 0.30 263 0.30 12.8 0.997 16.5

1,CHCO,H 1833 0.34 623 0.71 30.2 0.998 34.7
a. H,0, as an actinometer. b. K; = L
q,-hc/x
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6.2.2 QSAR modeling for direct photolysis of haloacids

As mentioned previously, QSAR analysis is a useful tool to correlate the chemical
activity with molecular structure. Additionally, the established QSAR model can
also be used to predict the chemical activity of any compound which has a similar
molecular structure as the ones used to establish the model. Thus, QSAR analysis
for direct photolysis of iodoacids was also conducted in order to find the
relationship between the chemical activity and chemical structure as well as to
predict the direct photolysis rate of the other structurally similar iodoacids which

are commercially unavailable.

Similar to the method for establishing the QSAR model for direct photolysis of I-
THMs and B-THMs in the chapter 4, the logarithm of measured first-order rate
constants (logky) are correlated with 3 molecular descriptors by multiple linear
regressions analysis to derive the QSAR model for direct photolysis of iodoacids.
These 3 molecular descriptors include the bond strength (BS) of the carbon-halogen
bond to be broken in the rate-determining step, the electronic effect (o), and the
steric effect (Es) of all substituents to carbon center. Es value for Cl, Br, and | are -
0.96, -1.16, and -1.40, respectively; o value for Cl, Br, and | are 0.47, 0.42, and
0.38, respectively (Hansch and Leo, 1995); the combined effect of multiple halides
in the iodoacid are assumed to be the summation of individual effect of these
halides (Table 6.2) (Zhang and Minear, 2002; Chen et al., 2010).

Table 6.2 Values of BS, Es and o for establishing QSAR model, and experimentally
measured logkm and QSAR model predicted logk, as well as the difference between
logkm and logk,, A

Compound BS Es c logkn logk, A
ICH,CO,H 209 -1.40 0.38 -1.244 -1.309 0.065
ICICHCO,H 209 -2.36 0.85 -0.959 -0.918 0.041
IBrCHCO,H 209 -2.56 0.80 -0.523 -0.534 0.011
1,CHCO,H 209 -2.80 0.76 -0.155 -0.114 0.041
BrCH,CO,H 280 -1.16 0.42 -1.852 -1.835 0.017
Br,CHCO,H 280 -2.32 0.84 -1.000 -1.061 0.061
Br;CCO,H 280 -3.48 1.26 -0.290 -0.286 0.004
ICI,CCO,H 209 -3.32 1.32 - -0.528 -
ICIBrCCO,H 209 -3.62 1.27 - -0.144
IBr,CCO,H 209 -3.72 1.22 - 0.213
1,CICCO,H 209 -3.76 1.23 - 0.277
1,BrCCO,H 209 -3.96 1.18 - 0.661

1;CCO,H 209 -4.20 1.14 - 1.082
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Besides the above 4 iodoacids, other 3 bromine-containing haloacetic acids were
included in order to have sufficient datasets to establish the QSAR model. Through
correlating logky, with the combination of BS, E; and o by multiple linear
regression analysis, a QSAR model for direct photolysis of haloacetic acids was

well established with regression coefficient, R? = 0.993 (Equation 6.3).
logk = -0.0015BS - 1.41E, - 2.05c — 2.19 (6.3)

The QSAR model was in turn used to predict the direct photolysis rate of the 7
haloacids studied. The QSAR model-predicted logk, agree well with the
experimentally measured logky, (Figure 6.2). The differences between logk, and
logkn, for these 7 haloacids are less than 0.1-log relative standard deviations (Table
6.2).

0.0
1,CHCO,H
-0.4 Br;CCO,H
IBrCHCO,H
-0.8 - ICICHCO,H
-4
o (o]
-1.2 - Br,CHCO,H
(o]
ICH,CO,H
1.6 -
BrCH,CO,H
'2.0 T T T T
-2.0 -1.6 -1.2 -0.8 -0.4 0.0
logk,,

Figure 6.2 Comparison between experimentally measured logkn, and QSAR model-
predicted logk, for haloacids.

The QSAR model was also used to predict the k, of 6 other structurally similar
iodoacid which are commercially unavailable. Generally, the degradation rates of
all iodoacids follow the order of IAA < ICICHCO,H < IBrCHCO;H ~ ICI,CCO.H
< IBrCICCO;H < [,CHCO;H < IBr,CCO,H < I,CICCO;H < 1,BrCCO,H <
[3CCO2H. The highest QSAR model-predicted k, of 13CCO,H among all iodoacids
is 12.1 min™*, which is 212 times higher than the lowest degradation rate constant of
IAA (0.057 min™). These results suggest that IAA is the most photo-recalcitrant
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species and I13CCO,H is the most photo-labile species among all iodoacids. In
addition to the generally low concentration of iodide in raw water, the QSAR
model-predicted results could provide another possible reason why IAA has been

detected and 13CCO;H has not been reported in the drinking water.

6.2.3 Comparison of UV/PS and UV/H,0, AOPs

As mentioned above, 1AA is the most recalcitrant to UV irradiation among all
iodoacids and most toxic among all haloacetic acids. Thus, IAA was selected as the
model compound to further investigate the efficiencies of the UV/PS and UV/H,0,
processes for iodoacids removal. In a control experiment, there was no change of
IAA concentration in the presence of oxidant (6 mg L™ H,0, or 42 mg L™ PS;
molar fraction of oxidant/IAA = 120) without UV irradiation. The degradation of
IAA in both UV/PS and UV/H,0, processes also followed the pseudo-first-order
kinetics (Figure 6.3). The degradation rates increased dramatically in these two
AOPs due to generation of highly reactive SO, and HO as compared to direct
photolysis. Furthermore, the degradation rates in the UV/PS process were much
higher than those in the UV/H,O, process under the comparable condition. For
example, when the molar fractions of oxidant/IAA were 40, 120, and 300, the first-
order rate constants in the UV/PS process were 2.54, 3.43, and 4.80 times higher
than those in the UV/H,0, process, respectively.

& UV/H:0: (60 pmol L)

3 -
O UV/PS (60 umol L)
A Direct photolysis
Q 5 O H20; or PS (180 umol L™)
<
=
|

10

Time (min)

Figure 6.3 Linear plot for degradation of IAA under different treatment conditions
in DI water (IAA: 1.5 pmol L™; pH 7)
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To investigate the difference in the degradation rate between these two AOPs, the
second-order rate constants of IAA reacting with SO, and HO  were determined

from the competition experiments using reference compounds with reported

second-order rate constants at pH 7 (phosphate buffer solution, 5 mmol L™).

In the UV/H,0, process, the overall degradation is attributed to direct photolysis
and HO -assisted indirect photolysis (Equation 6.4a). The indirect photolysis rate
can be expressed as a function of the second-order rate constant of the reaction
between IAA and HO' and the steady-state concentration of HO (Equation 6.4b).

The second-order rate constant of IAA reacting with HO" was determined from the

competition experiments using pCBA as reference compound. The reactions of HO'

with IAA and pCBA are assumed to proceed independently and in parallel
(Equations 6.4c and 6.4d).

dC

_d t = ( obs,uv/1aa T kobs,HO'/IAA

)C (6.42)

obs,HO' /IAA kHO',IAACHO',UV/HZOZ (6'4b)
kobs,UV/HZOZIIAA = kobs,UV/IAA + kHo-JAAC,.K)-,U\/,Hzo2 (6.4c)
kobs,UV/HZOZIpCBA = kobs,UV/pCBA T kHO',pCBACHO',UV/HZOZ (6.4d)
Competitive kinetics:
k kobs,UV/HZOZIIAA - kobs,UV/IAA (6.4e)

HO ,IAA k k HO ,pCBA

obs,UV/H,0,/pCBA ~ "obs,UV/pCBA

where Kobs,uvim,0,1aa and Kobs uvim,0,pcea are the observed overall pseudo-first-order
rate constants of IAA and pCBA in the UV/H,O, process in s, respectively;
Kobs,uviiaa and Kons uvipcea are the direct photolysis rate constants of IAA and pCBA

in s, respectively; Kno 1aa and Knopcea are the second-order rate constant of
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HO reacting with IAA and pCBA, respectively; Chouvn,o0, IS the steady-state

concentration of HO' in the UV/H,0, process.

In the UV/PS process, as SO4  can be converted to HO to some extent, the overall
degradation involves direct photolysis as well as SO, - and HO -assisted indirect
photolysis (Equations 6.5a and 6.5b). Since the second-order rate constant of t-
butanol reacting with SO4~ (Kso, - tBuon = 8.4 x 10° M™* s™ at pH 7) (Clifton and
Huie, 1989) is almost 3 orders of magnitude lower than that with HO™ (Ko t-8uoH =
6.0 x 10°M™ s™ at pH 7) (Buxton et al., 1988), t-butanol was selected as the HO'
quenching reagent for the determination of the second-order rate constant of 1AA

reacting with SO, when mTA was used as reference compound.

(6.5a)

= . . + . .
kobSvUV/PS/IAA kobS-UV/IAA + kso;,lAACso;,uis kHo ,IAACHO ,UV/PS

(6.5b)

= . . + . .
kobsyUV/PS/mTA kobSvUV/mTA + kso;,mTACso;,UV/Ps kHo ,mTACHO ,UV/PS

With scavenging of HO by t-butanol, Equations 6.5a and 6.5b can be simplified to
Equations 6.5¢ and 6.5d, respectively

Kops uvipsian = Kabsuvriaa + kso;—JAACSO;,UV,ps (6.5¢)

k

obs,UV/PS/MTA — kobs,UV/mTA + kSOL’YmTAcsoxyuvjpS (6.5d)
Competitive Kinetics:

_ kobs,UV/PS/IAA B kobs,UV/IAA (6 5e)
SO, IAA Kk SO, ,mTA )

obs,UV/PS/mTA — kobs,UV/mTA

where Kobs uvipsiiaa and Kops uvipsimta are the observed overall pseudo-first-order rate
constants of IAA and mTA in the UV/PS process in st respectively; Kopsuvnaa and

kobsuvimta are the direct photolysis rate constants of IAA and mTA in s™,

respectively; Kso,-1aa and Kso,-mta are the second-order rate constant of SO,
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reacting with IAA and mTA, respectively; Cho: uvips and Cso, - uvsps are the steady-

state concentrations of HO and SO, in the UV/PS process, respectively.

For Kso, - 1aa determination, the initial concentrations of IAA, mMTA (Kso,-mTa =
2.0 x 10°M™* s at pH 7) (Neta et al., 1977), PS, and t-butanol were 1.5 pmol L™,
1.5 pmol L? 90 pmol L and 1.5 mmol L%, respectively. For kuoiaa
determination, the initial concentrations of IAA, pCBA (Kro- pcaa = 4.5 x 10°M™ s™
at pH 7) (Buxton et al., 1988), and H,0, were 1.5 pmol L?, 1.5 umol L™, and 90

umol L™, respectively. From the competition kinetic experiments, the second-order

rate constant of 1AA reacting with SO, and HO' are 3.4 x 10° and 2.4 x 10° M™* 5™,

respectively (Table 6.3). It suggests that SO, is more reactive than HO  with 1AA.
However, Kso,- 1aa is only 1.42 times higher than kyo-1aa. It could not explain the
difference of 2.54, 3.43, and 4.80 times in the degradation rates for these two

processes when the molar fractions of oxidant/IAA were 40, 120, and 300.

Table 6.3 Respective contributions of UV, HO', and SO, for IAA removal in the
UV/PS process at a specific condition (1.5 pmol L™ IAA or probe compound, 60
umol L™ oxidant, and pH 7)

Kops(min™) k Contribution in UV/PS

(x10° M's™) process
IAA 0.057 0.28 0.73 2.4° 3.4° 78% 14.7% 77.5%
NB - 0.28 0.16 39 <10 - 99.9% 0.1%
pNBA - 0.19 0.12 26° <10 - 99.8% 0.2%
mTA - 041 0.69 7.6° 2° - 50.7% 49.3%

a. Buxton et al., 1988; b. Neta et al., 1977; c. determined in this study.

Besides the different reactivities of SO, and HO™ with IAA, the difference in the
degradation rates between these two processes could be also attributed to other
factors. First, the generation yield of SO, in the UV/PS process is higher than the
generation yield of HO" in the UV/H,0, process, as the radical formation quantum
yield of SO, (® = 1.4, ¢ = 20 M cm™) is higher than that of HO  (® = 1.0, € =
19.6 M cm™) (Baxendale and Wilson, 1957; Mark et al., 1990). Second, the self-
scavenging of SO~ by S,0g> in the UV/PS process is much lower than the self-

scavenging of HO™ by H,0; in the UV/H,0, process (Table 6.4, reactions 3 versus
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15). As shown in Figure 6.4, in the UV/PS process, the degradation rate increased
almost linearly with PS concentration, as the scavenging effect of S,0s> is limited.
However, in the UV/H,0, process, due to the stronger self-scavenging effect of
H.0,, the increase of IAA degradation rate was limited when H,O, concentration

was increased.

Table 6.4 Relevant chemical reactions in the UV/PS and UV/H,0, processes

RXn Reactions k(M*s*ors?) Reference

1 H,O, + hv — 2HO' (® =1.0) (Baxendale and
Wilson, 1957)

2 S,07 +hv —2S0; (® =1.4) (Mark et al., 1990)

3 HO +H,0, - H,0+HO, 2.7 x 10 (Buxton et al., 1988)

4 HO' + HO, - HO™ +HO;, 7.5x10° (Buxton et al., 1988)

5 HO +CO2 —CO, +HO 3.9x10° (Buxton et al., 1988)

6 HO' +HCO, —CO; +H,0 8.5 x 10° (Buxton et al., 1988)

7 HO' +S0?* —HO ™ +S0; 35x10° (Neta et al., 1988)

8 HO +S,07 —HO +S,0; 1.4x 107 (Buxton et al., 1988)

9 HO +Cl- — CIOH"™ 4.3x10° (Buxton et al., 1988)

10 CIOH™ - HO +CI' 6.0 x 10° (Neta et al., 1988)

11 CIOH™ +H' —>HCIOH (pK, =7.2)  3.0x 10" (Neta et al., 1988;
Liao et al., 2001)

12 HCIOH — CI' +H,0 5.0 x 10 (Neta et al., 1988)

13 HCIOH +CI- — CI; + HO" 4.0 x 10° (Neta et al., 1988)

14 Cl'+ClI' —>ClI; 8.5 x 10° (Neta et al., 1988)

15 SO +S,07 —»S0* +S,0; 6.6 x 10° (Neta et al., 1988)

16 SO, +OH™ — HO +SO* 6.5 x 10 (Neta et al., 1988)

17 SO; +H,0 > HO +S0O” <60 (Neta et al., 1988)

18 SO; +HCO;, — CO; +HSO, 9.1x 10° (Buxton et al., 1988)

19 SO, +CO> —CO; +S0* 6.1 x 10° (Zuo et al., 1999)

20 SO; +ClI- - CI' +S0* 3.1x10° (Chawla and
Fessenden, 1975)

21 SO; +NO; — NO, +SO* 2.1 x 10° (Neta et al., 1988)
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Figure 6.4 Effect of oxidant doses on IAA photodegradation rates (IAA: 1.5 pmol
L~ pH 7).

6.2.4 Effect of pH

Effect of pH on photodegradation rate was examined at pH 3, 5, 7, 9, and 11. The
degradation rates in both UV/PS and UV/H,0, processes decreased with increasing
pH (Figure 6.5). In the UV/H,0, process, the degradation rates decreased slightly
from pH 3 to 9, possibly due to the decrease of redox potential of HO/H,0O with the
increase of pH. For example, according to Equation 6.6 (derived from Nernst

equation), the redox potential of HO'/H,O at pH 3, 5, 7, 9, and 11 are 2.62, 2.51,

2.39, 2.29, and 2.15 V, respectively (for E°HO./H20 =2.80V).
B = Bl 0 —0-059pH (6.6)
H,0, — HO, +H" (pK, =11.8) (6.7)

On the other hand, the degradation rate decreased dramatically at pH 11. The major
reason for this reduction is the scavenging of HO by hydroperoxide anion (HO;"),

which can be generated under an alkaline condition in the UV/H,O, process
(Equation 6.7) (Gottschalk et al., 2010). Although HO,™ can promote the formation

of HO), it is also a strong radical scavenger and reacts with HO ~ 280 times faster

than H,O, (Table 6.4, reactions 3 and 4).
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Figure 6.5 Effect of pH on IAA photodegradation rates (IAA: 1.5 pmol L™
oxidants: 60 pmol L™)

In the UV/PS process, the degradation rates increased slightly under the acidic

condition as less amount of SO, is transformed to HO at a lower pH (Table 6.4,

reaction 16). Thus, SO, is the predominant radical species in the UV/PS process
under the acidic condition (He et al., 2014b; Yuan et al., 2014). In contrast, at pH
11, the major radical species in the UV/PS process is HO. As SO, is more reactive

than HO with 1AA, the degradation rates also decreased with increasing pH in the

UV/PS process.

6.2.5 Effect of aqueous matrix species

Some of the matrix species which are commonly present in water can react with
radicals including SO, and HO', in competition with the organic pollutants
(Criquet and Leitner, 2009). Thus, the scavenging effect of matrix species on 1AA
photodegradation rate at pH 7 was also investigated. HA, SO?", CI", HCO;, and
NO; were selected as matrix species in this study, as these species are commonly

found in the natural water.

In general, SO, HCO;, HA, and NO; had similar effects on IAA removal in both

UV/PS and UV/H,0, processes (Figure 6.6). In the presence of SO? , the
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degradation rates were almost similar to those in DI water, as SO? reacts slowly
with both SO, and HO and its scavenging effect can be ignored (Table 6.4,

reaction 7). HCO; can react with SO, and HO to produce less reactive species,

COs3  (Table 6.4, reactions 6 and 18). Thus, the degradation rate decreased in the
presence of HCO; due to its strong scavenging of SO,  and HO. HA had a
negative effect on the photodegradation rates due to the following reasons: First,
HA is a strong scavenger of SO, and HO". Second, the attenuation of UV due to
absorption by HA reduces the fraction of UV light absorbed by PS and H,0O,, which
lead to lower the production of SO, and HO'. The redox potential of NO; / NO;
(2.3-2.6 V versus NHE) is almost similar to that of HO/H,O at pH 7 (2.39 V versus

NHE). It means that HO cannot oxidize NO; to produce NO;. NO; also reacts

slowly with SO4 (Table 6.4, reaction 21). Thus, the scavenging of HO and SO;
by NO; can be ignored. The degradation rates of IAA in both UV/PS and UV/H,0;

processes increased in the presence of NO, possible due to generation of additional

HO' by direct photolysis of NO; (Keen et al., 2012).

In contrast, Cl had different effects on the degradation rates in these two AOPs
(Figure 6.6). In the UV/PS process, Cl can react with SO, to produce the less
reactive Cl" (Table 6.4, reaction 20), which leads to the decreased IAA degradation
rate. In the UV/H,0, process, ClI~ can react rapidly with HO to form CIOH™
(Table 6.4, reaction 9). Under the acidic condition, CIOH™ can be converted to
HCIOH' (pK, = 7.2 for the deprotonation of HCIOH'; Table 6.4, reaction 11), which
subsequently decomposes to less reactive species such as Cl* (Table 6.4, reactions
12 and 13). On the other hand, under the neutral and basic conditions, CIOH™ can
rapidly revert back to CI- and HO' (Table 6.4, reaction 10). This could explain why

the photodegradation rates of IAA in the UV/H,0, process were not affected by CI°
atpH 7.
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UV/PS UV/H,0,

Figure 6.6 Effect of matrix species on IAA photodegradation rates (IAA: 1.5 pumol
L™ oxidants: 60 pmol L™; NaSO,, NaCl, NaHCOzand NaNOs: 4 mmol L™; HA: 5
mg L™; pH 7). Error bars denote standard deviation obtained from at least duplicate
datasets.

6.2.6 Degradation of IAA in different types of water

Photodegradation of 1AA in different types of water including DI water, surface
water (SW from a river, used as source water in a water treatment plant, Singapore),
treated water (TW, collected from the same water treatment plant with surface
water, Singapore), secondary effluent (SE, collected from a wastewater treatment
plant, Singapore) was also investigated. The characteristics of the different types of

water are listed in Table 6.5.

Table 6.5 Characteristics of different types of water used in this study

Water  TOC®  Turbidity” a Total cl® SO  NO.®
matrix (NTU)  (254nm) alkalinity :
(cm™)

DI 0.08 <0.1° 0 <5 <5 <0045 <0.05
TW 0.99 0.22 0.010 5.93 143 21.6 0.12
swW 3.94 1.85 0.075 7.65 21.8 4.14 0.47
SE 10.6 0.19 0.152 54.9 1455 45.1 6.28

a. Unit: mg L™; b. After 0.45 um membrane filtration; c. It represents the result is below
detection limit.

The IAA degradation rates in both UV/PS and UV/H,O, processes decreased
slightly in TW and significantly in SW and SE, as compared to those in DI water.
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Its degradation rates in different types of water followed the order of SE < SW <<
TW < DI (Figure 6.7). These results suggest that these two UV-based AOPs are
more suitable as post-filtration treatment to remove IAA, from the view point of
degradation kinetics. According to the preceding discussion, the reduction of IAA
degradation rate is due to the presence of the scavengers such as NOM, alkalinity,
and H,0; in the UV/H,0, process, while NOM, alkalinity, and CI" are the major

scavengers of SO, in the UV/PS process. Furthermore, NOM can act as a

competitive UV absorber to provide screening effect, which leads to the decreased
direct photolysis rate of IAA, H,0,, and PS. Compared to the UV/H,0, process,

UV/PS process is still more effective to remove 1AA in all types of water studied.

uVv/Ps
[1UV/H:0;

k (min)

DI

SE

Figure 6.7 Effect of different types of water on 1AA photodegradation rates (IAA:
1.5 umol L™*; oxidants: 450 pmol L; pH 7).

6.2.7 Respective contributions of UV, HO, and SO, for degradation of IAA

As mentioned above, SO, can be transformed to HO' in the UV/PS process. To
further identify the respective contributions of UV, HO', and SO, for TAA
degradation, a series of experiments were conducted for quantitation of HO and
SO, generated in the UV/PS process. The second-order rate constants of NB and
pNBA reacting with SO, were reported to be 3 orders of magnitude lower than

those with HO' (Table 6.3), indicating that NB and pNBA react slowly with SOy .
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Their degradations in the UV/PS process are mainly attributed to HO™ (Liang and
Su, 2009; He et al., 2014b). Thus, NB and pNBA can be selected as probe
compounds to quantify the HO in the UV/PS process. In contrast, some other
compounds such as mTA react fast with both HO" and SO, , as suggested by its
reported second-order rate constant (Table 6.3). In this study, the average steady-
state concentration of HO' in the UV/PS process was firstly determined using NB
and pNBA as probe compounds (Equations 6.8 and 6.9). Subsequently, the
concentration of SO4 in the UV/PS process could be calculated through

subtracting the contribution of UV and HO in mTA degradation, when mTA was

used as the probe compound for SO, determination (Equations 6.10 and 6.11).

obs,HO'/NB kobs,UV/PS/NB - kobs,UV/NB - kobs,so;(/NB ~ kobs,UV/PS/NB o kobs,UV/NB (6-8)

kObS,UV/NB (6.9)

_ kobs,UV/PS/NB -
HO',UV/IPS k
HO',NB

obs,SO; /mTA kobs,UV/PS/mTA - kobs,UV/mTA - kobs,HO'/mTA (6.10)

kobs,UV/PS/mTA - kobs,UV/mTA - kHO"mTACHO"UV/pS

= (6.11)

SO; ,UV/PS k
SO, ,mTA

where Kobs uvipsing, Kobsuvings Kobsso,/ng, @and Kops o' ne are the observed overall
pseudo-first-order rate constant, direct photolysis rate constant, SO, - and HO-
assisted indirect photolysis rate constant of NB in the UV/PS process, respectively;
Kobs,uv/psimTA, KobsuvimTa, Kobsso,=mTa, @nd KobsHo'/mra are the observed overall
pseudo-first-order rate constant, direct photolysis rate constant, SO, - and HO -
assisted indirect photolysis rate constant of mTA in the UV/PS process, respectively;
Kno' NB, Kno' mTa, @nd Kso, - mta are the second-order rate constants of HO' reacting
with NB and mTA as well as SO, reacting with mTA, respectively; Cro" uvsps and
Cso.-uvips are the steady-state concentrations of HO and SO,  in the UV/PS

process, respectively.
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In the UV/H,0, process, HO is the main reacting radical species. Its steady-state

concentration can be calculated according to Equations 6.12 and 6.13.

0bs,HO'/NB kobs,UV/HZOZ/NB - kobs,UV/NB (6.12)
_ kobs,UV/HzoleB - kobs,UVlNB (6 13)
HO",UV/H,0, k '
HO',NB

where Kobs,uvin,0./N8: Kobs,uving, @and Kops o' ne are the observed overall pseudo-first-
order rate constant, direct photolysis rate constant, and HO'-assisted indirect
photolysis rate constant of NB in the UV/H,0; process, respectively; Cno uvin,0, 1S
the steady-state concentration of HO in the UV/H,0O, process. Similar kinetic

expression for pNBA as a probe compound can also be derived for both UV/PS and

UV/H,0, processes.

At a specific condition (1.5 pmol L™ I1AA or probe compound, 60 pmol L™
oxidant, and pH 7), the average steady-state concentration of HO  and SO, in the
UV/PS process were estimated as 7.48 + 0.43 x 10 and 2.77 £0.05 x 10™? M,
respectively. In the UV/H,0, process, the average steady-state concentration of HO'
was estimated as 1.21 + 0.26 x 10™2 M. Through inputting the derived steady-state
concentration of HO™ and SO, ", second-order rate constant of IAA reacting with
HO and SO, -, and the direct photolysis rate constant into Equation 6.5a, the
predicted k, of IAA for the UV/PS process is 0.73 £ 0.02 min™, which is agreeable

with the experimentally measured Kops (0.73 min™).

The respective contributions of UV, HO', and SO, for the degradation of [AA, NB,
pNBA, and mTA in the UV/PS process were determined accordingly. The results
indicate that the contribution of SO,  in IAA degradation in the UV/PS is

predominant over the combination of HO-assisted indirect photolysis and UV

direct photolysis. For example, the respective contributions of UV, HO', and SO4
for IAA removal in the UV/PS process were determined as 7.8%, 14.7%, and 77.5%,

respectively (Table 6.3). Similarly, the respective contributions of UV and HO' for
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IAA removal in the UV/H,O, process were determined as 20% and 80%,
respectively (Figure 6.8). As discussed in the preceding section (6.2.4), the SO4
/HO' concentration ratio in the UV/PS process is pH dependent and so do their
respective contributions in the TAA degradation. Compared to SO, , PS is more
effective to scavenge HO (Table 6.4, reactions 8 and 15). Thus, the concentration of
S04 would increase more significantly with PS dose, as compared to the extent of

HO increase in the UV/PS process. Consequently, the percentage of SO,
contribution to the overall IAA degradation in the UV/PS process would increase
with PS dose.

0.8 -
kg

0.6 ki,HD'
= m kiso, -
=
= IAA
£ 04
-

0.2 -

0 - .
UvVv/Ps UV/H,0,

IAA(iodoacetic acid): 1.5 pM; oxidant: 60 uM; pH7;
kq: UV direct photolysis rate constant;

ki wo': HO'-assisted indirect photolysis rate constant;
k; so,"-: SO, —assisted indirect photolysis rate constant.

Figure 6.8 Respective contributions of UV direct photolysis and indirect photolysis
for IAA removal in the UV/PS and UV/H,0, processes

6.2.8 Photodegradation end-products identification

The TOC evolutions in the UV/PS and UV/H,0, processes are rather different
(Figure. 6.9(a)). In the UV/PS process, IAA could be completely removed within 6
min. A greater TOC removal rate was observed within the initial 3 min. Then, the

reduction rate of TOC became relatively slow from 3 to 10 min, possibly due to

generation of SO4 -resistant intermediates relative to IAA. From 10 min onward,
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TOC reduced rapidly again toward the complete mineralization. In the UV/H,0,
process, TOC reduced gradually over the whole reaction time of 30 min. Almost 50%
of the initial TOC was still present at 30 min, although IAA had been completely

removed within 15 min (Figure. 6.9(a)).

In the UV/PS process, formaldehyde (HCHO) increased gradually at the initial 10
min and reached the maximum concentration of 0.84 mg-C L™ (~ 16.3% of initial
TOC) at 10 min (Figure. 6.9(b)). Then, it reduced dramatically and almost
disappeared at 20 min. Meanwhile, formic acid (HCO,H) and oxalic acid were
below detection limits (DL: 30 pg L™ for HCO,H; DL: 50 pg L™ for oxalic acid) in
the UV/PS process. In the UV/H,0, process, both HCHO and HCO,H were
detected, while oxalic acid was also not detected (Figure. 6.9(c)). The amount of
HCHO increased gradually from 0 to 1.12 mg-C L™ (~ 21.7% of initial TOC) over
the initial 10 min and then decreased gradually to 0.64 mg-C L™ (~ 12.4% of initial
TOC) at 30 min. HCO,H also increased over the reaction time and reached the
maximum concentration of 0.48 mg-C L™ (~ 9.30% of initial TOC) at 20 min and
then its concentration slightly decreased to 0.44 mg-C L™ (~ 8.53% of initial TOC)
at 30 min. The mass of carbon from HCHO and HCO,H at 30 min accounted for ~
20% of initial TOC. As mentioned above, 50% of initial TOC were mineralized at
30 min. It means that the remaining 30% of initial TOC were associated with other
unidentified intermediates. These results suggested that UV/PS process is more
effective to remove both IAA and its degradation intermediates, which leads to a

greater mineralization as compared to UV/H,0, process.

Additionally, 10; was identified as the predominant end-product in the UV/PS

process (Figure. 6.9(d)). 10, increased slightly at the initial 6 min, and then it
increased dramatically from 6 min onward and reached the maximum concentration
of ~ 40 mg L™ (98.9% of total | in IAA) at 10 min. On the other hand, a trace level
of I” was detected around 0.16 mg L™ at 1 min. Then, it gradually decreased and
almost disappeared at 10 min. In the UV/H,0, process, I~ was identified as the
predominant end-product (Figure. 6.9(e)). Its amount increased gradually over the
reaction time and reached the maximum concentration of ~ 26.5 mg L™ (97.1% of
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total 1 in 1AA) at 30 min. In addition, trace level of 10, was observed and its

amount is less than 0.02% of I” generated in the UV/H,0, process. In general, there

Is a good mass balance between the produced I” or 10; and the total | in IAA in

both UV/PS and UV/H,0; processes.
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Figure 6.9 Time course of IAA and TOC reduction in the UV/PS and UV/H,0,
processes (a); HCHO, HCO,H, and oxalic acid formation in the UV/PS (b) and
UV/H,0; (c) processes; I and 103~ formation in the UV/PS (d) and UV/H,0; (e)
processes (IAA 40 mg L™*; molar fraction of oxidant/ IAA = 40).
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6.2.9 Economic comparison of UV/PS and UV/H,0; processes

The economic comparison of UV/PS and UV/H,0, processes for removal of IAA
was conducted based on the total cost of electrical energy and the oxidants. The
electric energy consumed by UV lamp is expressed in terms of electrical energy per
order (EE/Oyv), which is defined as the electric energy in kWh required to degrade
the organic pollutant by one order of magnitude in 1 m® of water. The EE/Oyy can
be determined according to Equation 6.14. Using 0.1 US$/kWh as electricity cost,
the electrical energy cost and the total cost per order (cost/Oa) Can be calculated

according to Equations 6.15 and 6.16, respectively.

1000Pt  38.4P
— =

Viog(—-

g(C )

f

EE/O, = (kwhm~order™) (6.14)

Electrical energy cost ($m~oder™) = EE/Oyy x electricity cost ($/kWh)  (6.15)
Cost/Oga ($m2order™) = electrical energy cost + oxidant cost (6.16)

where all of the terms are as defined previously.

Generally, the cost/Ow is significantly lower for both UV/PS and UV/H,0,
processes as compared to UV direct photolysis (Table 6.6). For example, at the
molar fraction of oxidant/IAA = 40, the cost/Oya for the UV/H,0, and UV/PS
processes in DI water are 0.098 and 0.049 $morder™, respectively, which are 5
times and 10 times lower than that (0.481 $m~order™) by UV direct photolysis. As
shown in the Figure 6.10, at a relatively low concentration of oxidant (i.e., molar
fraction of oxidant/IAA < 190, that is, H,0, < 9.5 mg L™ and PS < 66.5 mg L ™), the
cost/Oyota for the UV/PS processes is lower than that for the UV/H,0, process.
However, when the molar fraction of oxidant/IAA is > 190, the cost/Oy for the
UV/PS process is higher than that for the UV/H,O, process. As mentioned
previously, these two UV-based AOPs are more suitable as post-filtration treatment
to remove IAA. Therefore, in the clean water matrix such as DI and treated water, a

relatively low concentration of oxidant in these two AOPs is sufficient to
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significantly remove IAA. In this circumstance, UV/PS process is more
economically competitive than UV/H,O, process. For example, at the molar
fraction of oxidant/IAA = 120, the cost/Ogw (0.047 $morder™) for the UV/PS
process in DI water is lower than that (0.063 $m~order™) for the UV/H,0, process
(Table 6.6). Furthermore, the lowest cost/Oa (~ 0.040 $m~order™) for the UV/PS
process is also lower than the corresponding value (~ 0.053 $morder™) for the
UV/H,0, process (Figure 6.10).

Table 6.6 Economic comparison of UV, UV/PS and UV/H,0, processes for IAA
removal in DI water

Molar fraction EE/O Cost (US$ m~order™)?
(oxidant/IAA) (kWhm®order?) UV® Oxidant® Total

uv - 4.81 0.481 - 0.481
40 0.95 0.095 0.003  0.098

120 0.54 0.054 0.009 0.063

UVIH,0; 300 0.30 0.030 0.023  0.053
600 0.23 0.023 0.046  0.069

40 0.39 0.039 0.010 0.049

120 0.16 0.016 0.031  0.047

UVIPS 300 0.06 0.006 0078  0.084
600 0.04 0.004 0.156  0.160

a. IAA:1.5pumol L™
b. $0.10 (kwh)* (U.S. Energy Information Administration, 2015);
c. PS:$0.74 kg™ ($0.18 mol™); H,0,: $1.5 kg™ ($0.051 mol™) (Zhang et al.,

2014)
03
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Figure 6.10 Economic comparison of UV/PS and UV/H,O, processes for the
removal of IAA in DI water (IAA: 1.5 pmol L™; pH 7).
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6.3 Conclusion

Direct photolysis of 4 iodoacids followed first-order kinetics with rate constant in
the range of 0.057 to 0.71 min™. A QSAR model was applied to predict the direct
photolysis rate constant of 6 other commercially unavailable iodoacids.
Subsequently, UV/PS process was applied to degrade IAA, the most photo-
recalcitrant species among all iodoacids, and compared its effectiveness with
UV/H,0, process. The degradation rates decreased with the increase of pH in both

processes. HA and HCO; had inhibitory effects on IAA degradation in both
processes. The degradation rate decreased in the presence of CI in the UV/PS

process, while CI” had no effect on the degradation rate in the UV/H,0O, process

under the reaction conditions (i.e., pH 7). The degradation rates of IAA in both

processes increased slightly in the presence of NO, possibly due to generation of

HO" at a low quantum yield via direct photolysis of NO;. The degradation rates of
IAA in the UV/PS process in different types of water including DI, TW, SW, and
SE were larger than the corresponding values in the UV/H,0, process. A greater
IAA mineralization was also observed in the UV/PS process as compared to the
UV/H,0;, process. 10, was identified as the predominant end-product in the
UV/PS process, while I was the major end-product in the UV/H,0; process. The
respective contributions of UV, HO, and SO, for IAA removal in the UV/PS

process were 7.8%, 14.7%, and 77.5%, respectively. Based on total cost of the
electrical energy and the oxidant, UV/PS process was more cost-effective than the
UV/H,0; process for IAA removal, under the reaction conditions adopted in this

study.
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CHAPTER 7 Conclusions and recommendations

7.1 Overall conclusion

To develop a cost-effective method for post-formation mitigation of I-DBPs,
degradation of I-THMs and iodoacids by UV, UV/H,O, and UV/PS was
extensively investigated in this study. The major findings and conclusions from this

research can be summarized as follows.

» UV direct photolysis of I-DBPs. UV254 direct photolysis of 6 I-THMs and
4 iodoacids followed first-order kinetics with rate constants in the range of
0.057-0.71 min™. The derived quantum vyields of the 6 I-THMs and 4
iodoacids range from 0.13 to 0.58, which indicates a high efficiency of
quantum process in the I-THMs and iodoacids photodegradation under
UV254 irradiation.

> Benefit of UV-based AOP compared to UV photolysis. However, at a
UV dose of 140 mJ cm™? which is the upper-bound value used for
disinfection, the removal percentages of 6 I-THMs and 4 iodoacids were
5.41% to 29.4% and 3.35% to 34.7%, respectively. It suggests that a higher
UV dose than the usual dose for water disinfection or UV-based AOP is

required to significantly photodegrade I-THMs and iodoacids.

» Matrix species effect. In the UV, UV/H,0,, and UV/PS processes, the

degradation rates of I-THMs and iodoacids increased slightly in the

presence of NO, possibly due to generation of HO at a low quantum yield
via direct photolysis of NO;. HA lowered the photodegradation rate due to
its competitive UV absorption and scavenging effect of SO, and HO'.

HCO; , SO? , and CI" had no significant effect on direct photolysis

Kinetics, as there is no UV absorption for these 3 species. On the other hand,

HCO; had a negative effect on SO4 - and HO -assisted indirect photolysis

rates, as it could act as a scavenger of SOs~ and HO. SO’ also had no
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effect on the IAA photodegradation in the UV/H,0, and UV/PS processes,
as its scavenging effect of SO, and HO could be ignored. CI" could

adversely affect the IAA degradation rate in the UV/PS process but had no
effect in the UV/H,0, process.

QSAR modeling. A QSAR model for direct photolysis of I-THMs and B-
THMs was established based on the correlation between logkn, and the
combination of BS (bond strength), o (electrical effect) and E; (steric effect).
It suggests that these 3 parameters have a significant combined effect on the
overall direct photolysis of I-THMs and B-THMs. Similarly, a QSAR model
for direct photolysis of iodoacids was established through correlating logkn,
with the combination of BS, ¢ and Es. The established QSAR model was
used to predict the direct photolysis rates of 6 other structurally similar

iodoacids whose standards are commercially unavailable.

Contribution of different reactive oxygen species (ROS). A steady-state
kinetic model was established to successfully predict the destruction of I-
THMs by the UV/H;O, processes in different types of water and to
determine the respective contributions from the direct photolysis and HO-
assisted indirect photolysis in the I-THMs degradation under different
reaction conditions. In the UV/PS process, the steady-state concentration of
SO, and HO were determined using some specific probe compounds.
Subsequently, the respective contributions of UV, HO', and SO4 for TAA
removal in the UV/PS process were determined as 7.8%, 14.7%, and 77.5%,

respectively.

End-products of UV direct and indirect photolysis. In the UV direct
photolysis, the major fraction of CHI; could be completely mineralized and
~ 5% of CHI; was converted to HCO,H at the end of the reaction (40 min).
I~ was identified as the predominant end-products. In the UV/H,0, process,
when CHCI,I was used as the model compound, ~ 53% of CHCI,I could be
completely mineralized and ~ 37% of CHCI,l was converted to HCO,H at

15 min. There were still some unidentified organic species in the reaction
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solution, which accounted for ~10 % of initial TOC. Both CI"and I” were
identified as the predominant end-products. When IAA was treated with
UV/H,0;, ~ 50% of initial TOC were mineralized and the mass of carbon
from HCHO and HCO,H accounted for ~ 20% of initial TOC at 30 min. The
remaining 30% of initial TOC were associated with other unidentified end-
products. I” was the major end-product in the UV/H,O, process. In the

UV/PS process, complete mineralization of IAA was observed at 30 min

and 10; was the predominant end-product.

Comparison of UV/H,O, and UV/PS. The UV/PS process is more
effective than the UV/H,0, process for IAA removal in different types of

water due to the following reasons: (i), SO, is more reactive with IAA than
HO (i.e., the second-order rate constants of IAA reacting with SO, and
HO are 3.4 x 10° M™* s™and 2.4 x 10° M™ s, respectively); (ii), the radical
formation quantum yield of SO,~ (® = 1.4, ¢ = 20 M cm™) is higher than
that of HO  (® = 1.0, ¢ = 19.6 M cm™); (iii), the self-scavenging of SO,
by S,0¢> in the UV/PS process is much lower than the self-scavenging of

HO by H,0, in the UV/H,0, process.

Economic analysis of UV photolysis and UV/H,O,. Electrical energy per
order (EE/O) was applied to evaluate the efficiency of the UV/H,0, process
for CHCI,l degradation and to optimize the H,O, dose for different
scenarios. The optimal H,O, doses in DI water, laboratory synthesized
water, and surface water were estimated as 5, 12, and 16 mg L™
respectively, which correspond to the lowest total equivalent electrical
energy consumption of (EE/Oy) 0f 0.2, 0.31, and 0.45 kWhmorder™. The
lowest EE/Oqa in these 3 types of water with the UV/H,0; process is 8-15
times lower than the corresponding EE/Oyqt With UV direct photolysis.

Cost comparison of UV/H,0, and UV/PS. Compared to UV/H,0, process,
UV/PS was observed as more cost-effective process for IAA removal based

on the total cost of energy and oxidant consumption, under the reaction

111



conditions adopted in this study. For example, the lowest cost/Ogta (~ 0.040
$m>order™) for IAA removal in DI water with the UV/PS process is lower
than the corresponding value (~ 0.053 $m~order?) with the UV/H,0,

process.

7.2 Recommendation for future work

7.2.1 UV direct and indirect photolysis of other groups of 1-DBPs

Besides I-THMs and iodoacids, there are some other groups of 1-DBPs including
iodinated halonitromethanes, iodinated haloacetonitriles, iodinated haloacetamides,
and iodinated haloacetaldehyde etc. To the best knowledge of the author, there is
still no well-documental study about post-formation mitigation of these groups of I-
DBPs. In this context, UV-based direct and indirect photolysis can be considered to
remove these groups of I-DBPs in the future study. In the meanwhile, to give a
better description of the direct photolysis process of I-DBPs, more parameters
besides BS, Es and o can be explored to establish QSAR model for a large glass of

I-DBPs mentioned above.

7.2.2 Pilot study of UV-based AOP for I-DBPs removal in the plants

In the future, a pilot study of UV-based AOP for post-formation mitigation of I-
DBPs can be conducted in a water treatment plant to obtain the first-hand data on
treating actual effluent. This pilot study can provide the requisite date to decision
maker for upgrading plant design to treat potential organic pollutants including I-
DBPs. Additionally, based on results from the pilot study, a preliminary cost
estimate of CAPEX and OPEX can be made for a waterworks which is planning to

install a full-scale UV-based AOP application.

7.2.3 Formation study of I-DBPs

Different types of water samples including surface water, seawater, and secondary
effluent have different water matrix species, such as varying concentrations of

iodide, bromide, and NOM etc., which could show different I-DBPs formation
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potentials. In addition, the different operations such as the type of disinfectants used
or disinfectant dosing point during water treatment processes can also influence the
I-DBPs formation and speciation in the product water. Most previous studies
focused on the formation of I-THMs. However, little is known about the formation
of other groups of I-DBPs. Therefore, the effects of chlorination, chloramination,
and other oxidative processes on the formation and speciation of I-DBPs in

different types of water should be investigated and compared in the future study.

Furthermore, some key factors such as characteristics of NOM, concentration of
iodide and bromide, ratio of iodide to NOM etc. should be further investigated
using artificial water sample as water matrix. For example, effects of different types
of NOM on the formation and speciation of I-DBPs can be evaluated to identify
what kinds of NOM are the major precursors for different groups of I-DBPs. On
this basis, some model compounds can be selected to investigate the formation
pathways of 1-DBPs through identification of the I- and Br-containing reaction
intermediates. The findings from the above-mentioned studies will enable
developing a viable strategy for mitigation of I-DBPs formation during water

treatment processes.
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